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Abstract 

 

While kelp forests play a crucial role in coastal ecosystems, providing habitat, supporting 

biodiversity, and contributing to carbon sequestration, their response to environmental 

perturbations, such as pollution, is not well understood. This thesis investigated the structure 

and ecological function of Laminaria hyperborea kelp forests along the understudied UK North 

Sea coastline, with a focus on the impacts of historic coal mine waste on kelp growth, 

productivity, and associated biodiversity (including microbiome). 

Field surveys were conducted to assess the structural characteristics and carbon standing stock 

of kelp forests in northeast England and southeast Scotland. The results indicate significant 

variation in kelp forest structure across depth gradients and small spatial scales. Kelp density, 

biomass, and length decreased with depth, while carbon standing stock varied across sites, 

highlighting the influence of local environmental factors. This work provides a baseline for kelp 

forests in understudied regions of the UK’s North Sea and gives evidence to suggest they are 

structured and function similarly to L hyperborea forests at similar latitudes. 

To investigate the effects of coal mine waste on kelp forests ecosystems, comparative studies 

were conducted between polluted and non-polluted sites. The results show that kelp forests 

affected by historic coal mine waste have largely recovered, with growth patterns and carbon 

contributions similar to unpolluted sites. However, holdfast-associated fauna exhibited 

reduced abundance and diversity in polluted areas. Whilst this was predominantly an effect of 

habitat volume, it suggests that there could be lingering ecological impacts that may be 

affecting broader ecosystem dynamics. Additionally, examination of the effects of historic 

pollution on the kelp microbiome showed that while bacterial taxa adapted to polluted sites 

were more abundant, the overall diversity, structure, and abundance of surface microbiomes 

were similar between polluted and non-polluted kelp forests. 

This research advances understanding of both natural and pollution-driven variability in L. 

hyperborea forests, demonstrating that while the structural recovery of kelp forests impacted 

by mining activities has been successful, biodiversity in some areas remains compromised. 

These findings underscore the resilience of kelp ecosystems but also highlight the ongoing 

need for conservation and management to protect these valuable habitats from historic and 

future environmental stressors. 
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Chapter 1. General introduction 

 

1.1 Introduction to kelp forests globally 

 

Kelps are a group of large, canopy forming macroalgae belonging to the order Laminariales. 

Globally there are approximately 112 species belonging to 33 genera (Bolton, 2010) that are 

distributed along ~36% of global coastlines (Jayathilake and Costello, 2021). Confined to areas 

of temperate and subpolar rocky reef, kelp often form dense stands referred to as forests. Kelp 

forests are ecologically, and in some regions commercially important biogenic habitats that 

provide a range of ecosystem goods and services (Beaumont et al., 2008; Smale et al., 2013). 

Through high primary productivity they underpin marine food webs and support a diverse 

range of associated assemblages (Dayton, 1985; Duarte and Cebrián, 1996; Rassweiler et al., 

2018; Elliott Smith and Fox, 2022). The organisms they support range from small invertebrates 

(Zahn et al., 2016; King et al., 2021) and algae (Leliaert et al., 2000) to fish (Pérez-matus et al., 

2007; Jackson-Bue et al., 2023) and large mammals (Steneck et al., 2002), some of which are 

commercially important (Smale et al., 2022). As well as supporting high levels of 

macroorganism biodiversity, they also support a high diversity of associated microorganisms, 

such as bacteria that form part of their microbiome (Singh and Reddy, 2016; Ramírez-Puebla 

et al., 2022). In addition, the physical structure of kelp contributes to a range of coastal 

processes including carbon storage (Pessarrodona et al., 2018), nutrient cycling (Pfister, 

Altabet and Weigel, 2019), nearshore sedimentation (Connell, 2005) and coastal protection 

through wave attenuation (Pinsky, Guannel and Arkema, 2013), making kelp ‘true’ ecosystem 

engineers (Steneck et al., 2002). 

 

The degree to which kelp forests contribute to coastal processes is strongly influenced by their 

structure and spatial extent. Numerous physical factors interact to determine the structure 

and extent of kelp forests, including temperature (Smith et al., 2022; Wernberg et al., 2015), 

wave exposure (Harrold, Watanabe and Lisin, 1988; Norderhaug et al., 2012; Pedersen et al., 

2012) and light availability (Desmond et al., 2015; Smith et al., 2022). Additionally, biological 

factors such as herbivory (Watanabe and Harrold, 1991; Hjorleifsson, Kassa and Gunnarsson, 

1995; Scheibling, Hennigar and Balch, 1999) and competition (Arkema, Reed and Schroeter, 
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2009) also influence kelp forest structure and in some cases, can lead to complete losses of 

kelp forest habitat (Sivertsen, 1997). However, rapidly changing environmental conditions and 

increasing anthropogenic influences on marine environments have had negative impacts on 

the structure and functioning of kelp forests globally and are likely to pose a threat into the 

future (Ling et al., 2009; Arnold et al., 2016; Provost et al., 2017; Wernberg et al., 2024). One 

such example is the effect of climate change, which, through increased sea surface 

temperatures has induced shifts in species distributions (Smale et al., 2020), and marine 

heatwaves which are responsible for the alteration and collapse of kelp forests across multiple 

continents (Tyler-Walters, 2007; Arafeh-Dalmau et al., 2019; Smale et al., 2019; Wernberg, 

2021). Alongside changing environmental conditions, human activities on land, such as coastal 

development and agricultural practices, can result in the degradation and loss of kelp forests 

through the reduction of water quality and an increase in light attenuation (Krumhansl et al., 

2016). With climate change and human population growth predicted to increase in future 

years (United Nations, 2022; IPCC, 2023), anthropogenic stressors are likely to intensify, and 

further degradation of kelp forest habitats is expected. 

 

1.2 Introduction to Laminaria hyperborea  

 

The coastal waters of the United Kingdom are occupied by seven species of kelp, of which 

Laminaria hyperborea is the dominant canopy forming species on moderately to fully wave 

exposed coastlines (Smale et al., 2016). Found in rocky subtidal habitats, its range extends 

from northern Portugal (Pinho et al., 2016) to northern Norway (Sjøtun et al., 1993) and across 

the Barents Sea to northwest Russia (Schoschina, 1997; Müller et al., 2009). Whilst it has been 

recorded at depths of >40 m in clear waters off St Kilda, Scotland (Hiscock, 1992; Tyler-Walters, 

2007), it is more typically found at depths of 15 to 20 m, particularly around much of the UK 

coastline (Smith et al., 2022) and extends right up to the shallow subtidal zone. Research 

conducted by Kain and Jones provided early insights into the biology and life history of L. 

hyperborea, examining aspects such as physical structure (Kain and Jones, 1963), patterns of 

growth (Kain and Jones, 1976), interactions with environmental factors (Kain and Jones, 1977) 

and reproductive mechanisms (Kain, 1971). This body of work described L. hyperborea as a 

stipitate kelp, distinguished by its characteristically large holdfast that provides habitat to a 

diverse assemblage of macroinvertebrates, and a long epiphyte covered stipe that holds the 
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photosynthetic blades towards the light. Growth in L. hyperborea occurs from the 

meristematic junction, the transition zone between the stipe and blade. It is from this 

meristematic junction that both stipe elongation and blade growth occur (Kain and Jones, 

1976). Simultaneously, tissue loss via erosion takes place at the blade tips, defined as 

‘conveyor-belt’ growth in which new tissue is continuously produced at the meristem while 

older tissue is lost at the distal blade ends (Mann, 1973). L. hyperborea is a perennial species 

that has a characteristic seasonal growth pattern. From January to June, the blades grow 

rapidly, followed by a marked reduction in the rate of growth during the latter months of the 

year (Kain and Jones, 1976; Pessarrodona, Foggo and Smale, 2019). This slower period of 

growth produces a narrow band of tissue that forms just above the meristem, creating a 

“growth collar” that persists on the blade for an entire cycle of blade growth. This collar forms 

the junction between old and new blade growth until April or May, when the older blade 

growth detaches (Pessarrodona, Foggo and Smale, 2019). This shedding event, termed May 

cast, serves as an important source of carbon that is donated to potential receiver habitats 

(Pessarrodona et al., 2018). Stipe elongation and girth extension also take place during the 

same months as blade growth. The seasonal variability in the rate of girth extension generates 

concentric bands within the stipe which are visible when the stipe is cross sectioned and 

provides a means of age determination (Kain and Jones, 1963). Growth continues for the 

entirety of an individual’s life, which can be over 20 years but is more typically 7 to 12 years, 

in which time a total length of up to 400 cm can be achieved (Kain and Jones, 1963; Smale et 

al., 2016; Smith et al., 2022). 

 

Despite the seminal work on UK kelp forest ecology of the 1960’s-1970’s (Jones and Kain, 1967; 

Kain, 1971; Kain and Jones, 1963, 1976, 1977), until the mid-2010s there had been little work 

to further our knowledge and understanding of UK kelp forest ecology. Consequently, the state 

of knowledge on these ecosystems lagged behind that of other leading scientific nations 

(Smale et al., 2013). More recent research efforts over the last decade have, however, 

significantly furthered our understanding of the structure and function of L. hyperborea forests 

in the UK, the assemblages they support and the environmental variables that shape them 

(Bué et al., 2020; Earp et al., 2024; Gouraguine et al., 2024; Jackson-Bue et al., 2023; King et 

al., 2021; Smale et al., 2016; Smale et al., 2022; Smith et al., 2022; Teagle et al., 2017, 2018). 

These works have focussed solely on the northern and western coasts of the UK, leaving a 
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significant gap in our knowledge on the structure and functioning of kelp forests that occupy 

the eastern coasts of the UK. These works, however, demonstrate a high degree of variability 

in L. hyperborea structure and function over a range of spatial scales. Over larger scales such 

that of the latitudinal gradient of the UK, stronger patterns emerge in kelp forest structure that 

correspond with shifts in environmental variables (Smale et al., 2016; Smale and Moore, 2017). 

Since L. hyperborea is a cold-temperate species, the growth of sporophytes is compromised at 

temperatures over 20°C and gametophytes cannot persist above 21°C (Bolton and Lüning, 

1982; Müller et al., 2009). The cooler, northernmost regions of the UK therefore provide more 

suitable temperature conditions than warmer southerly areas where temperatures regularly 

exceed 18°C (Morris et al., 2018). A similar pattern is also observed for light since kelp are 

autotrophic and rely on light for photosynthesis. Kelps synthesise and store carbohydrates 

during summer months to be utilised for growth in the following winter growth period (Rinde 

and Sjøtun, 2005). With summer day lengths in the UK being longer in northern regions, kelp 

in these regions have lengthier periods of time to produce valuable growth compounds which 

results in individuals of greater biomass (Rinde and Sjøtun, 2005). Whilst summer day length 

has a positive effect on L. hyperborea performance, irradiance levels also have an influence, 

and are responsible for driving variations in measures including length, biomass, density and 

recruitment that have been observed over smaller spatial scales within this species range 

(Gorman et al., 2013; Bekkby et al., 2019). Wave exposure similarly varies along horizontal 

gradients, and significantly influences kelp, producing greater densities along with higher 

biomass and longer individuals at more wave exposed locations (Smale et al., 2016). This is 

due to greater water velocity enhancing photosynthesis rates and inorganic nutrient uptake 

that results in elevated growth rates and increased primary productivity (Hurd, 2000; Pedersen 

et al., 2012). Wave exposure can also have profound influences over smaller spatial scales, 

with biomass and densities often measured to be several times greater at high wave exposure 

sites over low exposure sites (Smale et al., 2016). Larger individuals, however, take up more 

space which results in more northerly regions of the UK having lower densities than the 

warmer, southerly regions that are occupied by smaller individuals (Pessarrodona et al., 2018; 

Smale et al., 2016; Smith et al., 2022). The morphology of kelp heavily influences the amount 

of carbon stored within kelp forests at any one point in time, with larger individuals that have 

greater biomass containing more carbon (Smale et al., 2016). Therefore, the environmental 

drivers of kelp forest structure also control the standing stock of carbon, resulting in greater 
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amount of carbon being stored within kelp forests in the more northerly regions of the UK 

(Pessarrodona et al., 2018).  

 

1.3 Kelp forest productivity 

 

Since kelp forests store a significant amount of carbon within their tissues, coupled with the 

growth strategy they exhibit, they form some of the most productive coastal vegetated 

habitats globally (Duarte et al., 2013). They are not, however, considered to play a primary role 

in carbon sequestration and cycling. This is due, in part, to the assumption that kelp tissue 

decomposes too quickly for it to be transported long distances for burial (Howard et al., 2017), 

but also due to the lack of reliable estimates of carbon fixation, donation, and spatial extent 

for many species (Reed and Brzezinski, 2009). Not to mention that kelp grow on rocky substrate 

and are unable to fix carbon in situ into sediment as most other productive vegetated coastal 

ecosystems do (Hill et al., 2015). A growing body of evidence suggests carbon from macroalgal 

habitats can be transported long distances from source and to substantial depths (Hobday, 

2000). Through video recordings kelp blades have been viewed in fjords at depths of 450 m at 

an estimated biomass of over 22 g per m2 (Filbee-Dexter et al., 2018), and analysis of sediment 

samples of depths down to 262 m shows much of the organic matter to originate from L. 

hyperborea forests (Abdullah, Fredriksen and Christie, 2017). Whilst there’s still a lack of 

information on the pathways of kelp derived organic matter burial, evidence suggests that a 

large proportion of annual kelp production is deposited into benthic sediments where long-

term burial is possible (Abdullah, Fredriksen and Christie, 2017). With the extent of suitable L. 

hyperborea forest habitat around the UK estimated to be 15,984 km² (Yesson et al., 2015), the 

release of considerable quantities of kelp-derived organic matter from these forests likely 

represents a significant subsidy to surrounding ecosystems and a potential contributor to 

carbon burial in soft sediment habitats (Pessarrodona et al., 2018). 

 

Not only is the long-distance transportation of kelp derived organic matter potentially very 

important for carbon storage, but blade material shed from L. hyperborea and transported to 

deep water fjords has been shown to support elevated abundances of deep-water shrimp and 

amphipods (Ramirez-Llodra et al., 2016). L. hyperborea blades also regularly provide food and 
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habitat to grazing gastropods such as Patella pellucida which can be found in considerably 

elevated abundances (pers. obs.). However, the stipe and holdfast of L. hyperborea support 

significantly greater levels of abundance than the blade. Epiphytic algae covering the stipe of 

L. hyperborea provides habitat for a wide variety of macroinvertebrate fauna, normally 

dominated by amphipods (King et al., 2021), and holdfasts have root like structures called 

haptera that create interstitial space for a huge diversity of macroinvertebrate fauna to occupy 

(Teagle et al., 2018). The number of individuals within a single L. hyperborea holdfast can be 

in the thousands, including over 100 different species (Teagle et al., 2017). Whilst the 

abundance and diversity that holdfasts support varies with numerous factors such as wave 

exposure (Norderhaug et al., 2012), turbidity (Moore, 1973) and holdfast size (Teagle et al., 

2018), values at the lower end of the published estimates of abundance suggest an individual 

kelp can support several hundred macroinvertebrates (Sheppard, Bellamy and Sheppard, 

1980). In the context of kelp forests with high densities of individual kelp, this is a significant 

quantity of invertebrates that, along with the assemblages of the general kelp forest 

understory (Earp et al., 2024), have been shown to support wider diversity through the 

provision of food (Norderhaug et al., 2005). Additionally, the physical structure of kelp forests 

provides shelter and refugia to a range of organisms including fish and commercially important 

crustaceans (Smale et al., 2022; Jackson-Bue et al., 2023). While the diversity associated with 

kelp forests is well understood, kelp also support a wide range of microorganisms on their 

surface which are often not considered when discussing associated diversity. Bacteria, fungi, 

viruses and micro-eukaryotes form the ‘microbiome’ which acts as the mediator of host 

functioning and development (Adair and Douglas, 2017). The exact functional roles of the 

microorganisms that form the microbiome are still not fully understood, however, they are 

known to influence the hosts resilience to environmental stress and prevent disease, and 

disruptions in their structure can lead to host mortality and widespread losses (Egan and 

Gardiner, 2016; Zozaya-Valdés et al., 2017). 

 

1.4 Anthropogenic influences affecting kelp forests 

 

Loss of kelp forests has been documented in many countries globally, including Japan (Tanaka 

et al., 2012), Australia (Connell et al., 2008; Wernberg, 2021), Canada (Filbee-Dexter, Feehan 

and Scheibling, 2016) and Norway (Moy and Christie, 2012). The primary reasons for these 
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losses are 1) an increase in ocean temperature that creates vulnerability through declines in 

reproduction and growth rates and exceeds physiological tolerance limits (Harley et al., 2012; 

Wernberg et al., 2013), and 2) changing environmental conditions that influence biotic 

interactions including epiphytism and herbivory that leads to weakening of individuals and 

increased fragmentation (Krumhansl, Lee and Scheibling, 2011; Andersen et al., 2011; Schiel, 

Steinbeck and Foster, 2014). However, since L. hyperborea follows an abundant centre 

hypothesis with the UK central within its range, UK kelp forests are relatively free from the 

environmental stressors that negatively affect the structure of range edge populations (Smale 

et al., 2013). Whilst widespread losses have not been documented in the UK, there are 

examples of localised stressors negatively impacting kelp forest structure and leading to 

localised loss of habitat. One such example on the Sussex coast was driven by damaging fishing 

practices and intense storms that resulted in the loss of around 95% of kelp forests along a ~35 

km stretch of coastline (Williams and Davies, 2019). Another example, and a focus of the 

studies within this thesis, was the loss of kelp forests through the disposal of coal mining waste 

materials onto shores in northeast England. 

 

1.5 Coal mining in the United Kingdom 

 

Coal mining in the UK was an important industry, fuelling the industrial revolution and 

providing the main source of energy for electricity generation for over 80 years (Palumbo-Roe 

and Colman, 2010; Durucan, Jozefowicz and Brenkley, 2010). The coalfields of County Durham 

(hereafter referred to as ‘Durham’) and Northumberland were some of the most productive in 

the country, characterised uniquely by coal seams extending into the North Sea (Alderton, 

2012; Cooper et al., 2017). Shallow supplies of the coalfields were first exploited, and once 

exhausted, the deeper seams extending under the sea were extracted (Cooper et al., 2017). 

Mining took place from the early 1830s until mine closures took place between the 1980s and 

1993 due to a combination of safety concerns after a number of catastrophic incidents, as well 

as miners strikes (Durucan, Jozefowicz and Brenkley, 2010). The close proximity of mines to 

the coast meant disposal onto adjacent foreshores was the easiest and least logistically 

challenging solution. This took place by tipping, either by pushing waste directly over the cliff 

edges, or by ‘aerial flights’ which consisted of conveyor belt or gondola/bucket loom type 

mechanisms (Figure 1.1) that extended across the foreshore and deposited waste into the 
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shallow sublittoral zone (Cooper et al., 2017). The expectation was that waste would be 

naturally eroded by wave action, tides, storms and weathering (Hydraulics Research Station, 

1970), however increased demand for coal resulted in greater exploitation, and after World 

War II increased mechanisation facilitated this (Cooper et al., 2017). The rate of waste disposal 

therefore significantly outweighed the rate of erosion and large volumes began to accumulate 

on the shores (Figure 1.2). Production peaked between the mid-1960s and early 1980s, during 

which over ten million tonnes of colliery waste were disposed onto shores (Alderton, 2012). 

The exact volume of waste disposed is unknown, since disposal took place unregulated until 

1974 when statutory controls were enforced and the disposal of waste became a licenced 

activity (Cooper et al., 2017). Estimates suggest over 40 million tonnes of waste were 

introduced to the shores on just one 12 km stretch of coastline in Durham (www.turning-the-

tide.org.uk) where from 1977 disposal was capped at 2.5 million tonnes per year (Eagle et al., 

1979), although other estimates suggest this quantity of waste was disposed prior to 1970 

(Hydraulics Research Station, 1970). 
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Mine wastes are typically solid and liquid materials that are left over after the extraction of 

valuable target minerals, and they often contain elevated levels of harmful heavy metals. 

Metals can be divided into two groups regarding their toxicity. Essential metals, mainly 

chromium (Cr), copper (Cu) and nickel (Ni), are required in low concentrations for organism 

functioning and the sustenance of life but become toxic when present in concentrations higher 

than required (Furness and Rainbow, 2018; de Almeida Rodrigues et al., 2022). Non-essential 

metals such as aluminium (Al), arsenic (As), cadmium (Cd), lead (Pb), mercury (Hg) and silver 

(Ag), are not required for organism functioning and are toxic when present at any 

Figure 1.1. Coal mine waste on the shores of Durham with two different methods of 
disposal shown. Top image shows Easington (site C2) in 1992. Bottom image shows 
Blackhall Rocks (year unknown). Credit/Durham Heritage Coast. 
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concentration (Furness and Rainbow, 2018; de Almeida Rodrigues et al., 2022). The disposal 

of these wastes in Durham and Northumberland had several main effects on coastal habitats. 

Firstly, it contaminated intertidal and shallow subtidal habitats by introducing vast quantities 

of pollutants including toxic hydrocarbons and heavy metals (Eagle et al., 1979; Cooper et al., 

2017). Secondly, the introduction of the sheer volume of sediment smothered habitats, often 

under spoil heaps reaching up to 10 m deep (Cooper et al., 2017). Whilst the effects of 

smothering are largely unrecorded, photographic evidence shows the extent to which coastal 

habitats were buried (Figure 1.2). The volume of waste introduced to the shore also resulted 

in significant progradation, shifting the high tide line over 500 m seawards in some locations 

(Cooper et al., 2017). In Lynemouth Bay, Northumberland, progradation was so severe that a 

coal-fired power station was built on the newly created ‘land’. Waste disposal at this location 

temporarily ceased in 1994 and the spoil heap rapidly eroded naturally, resulting in the 

flooding of the power station in winter storms of 1994/95 (Cooper et al., 2017). Similarly in 

Durham, the sea cliffs became so segregated from the coast that they became heavily 

vegetated and were considered stabilised (Cooper et al., 2017). Upon the cessation of waste 

disposal on the Durham coast, which started in 1984 with the final mine closing in 1993, the 

spoil heaps rapidly eroded at a rate of up to 20 m per year, reducing after 2 to 5 years to 0.5 – 

2 m per year as erosion reached older, more compacted spoil (Posford Duvivier, 1993). As well 

as the direct disposal of sediment-based wastes onto the shoreline, groundwater was 

continuously pumped out of mines and into the sea in order to keep mines accessible to 

workers (Figure 1.3). This minewater similarly contained significant quantities of metal 

pollutants and fine sediment (Younger, 1993) that likely contributed to the negative impacts 

on surrounding habitats. 
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Figure 1.2. Blast Beach, County Durham, 1974 (top) and present day (bottom) 
demonstrating the significant quantity of mine waste deposited. Credit/DM Allen (bottom 
image). Red arrows indicate the location of sampling at site C1 in Chapters 3-5 of this 
thesis, which was buried under coal spoil during the mining period. 
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Between 1997 and 2002 a large-scale remediation initiative took place on the Durham 

coastline, removing 1.3 million tonnes of waste from a ~12 km stretch of coastline. This £10.5 

million operation led to the designation of several parts of the coast between Seaham Beach 

and Hartlepool as Sites of Special Scientific Interest (SSSI), Special Protected Areas (SPA), 

Special Areas of Conservation (SAC) and Ramsar sites. Whilst a vast improvement on the 

condition of the coast was made (Figure 1.2), the effects of its historic industrial past are still 

clearly visible (Figure 1.4) and waste is still to this day periodically eroded into the sea from 

coal shelves on both the Durham and Northumberland shores. On top of this, minewater 

pumping still continues in order to protect neighbouring aquifers that are used for drinking 

water supply and to stop sewage systems being inundated (Younger, 1993).  High density 

sludge (HDS) treatment plants remove iron (Fe) contamination, however no other 

contaminants are treated before discharge (Alderton, 2012). Each HDS treatment plant 

discharges approximately 35 million litres of water into the sea per day, with three treatment 

plants in Durham discharging around 105 million litres per day (Younger, 1993). Additionally, 

there are several treatment plants on the Northumberland coast, which all act as sources of 

potentially large quantities of heavy metal pollutants to the marine environment. Studies 

investigating the impacts of heavy metal pollutants on kelp have shown various negative 

impacts including reduced photosynthetic activity, spore development and growth rates 

(Contreras et al., 2007; Huovinen, Leal and Gmez, 2010; Leal et al., 2018; Contreras-Porcia et 

al., 2023), however, host response is extremely species specific (Leal et al., 2018) and very few 

studies have investigated the response of L. hyperborea. Furthermore, whilst many studies 

focus on the negative impacts on reproduction and early life stages, few take into account the 

subsequent effects on kelp forest structure, ecosystem functioning or productivity. There is, 

however, evidence of shifts in L. hyperborea holdfast associated macroinvertebrate 

assemblage structure along gradients of pollution (Jones, 1972; Jones, 1973; Sheppard, 1976), 

although many of these studies attribute the observed negative effects to increased turbidity 

as a result of the pollutant source, rather than a specific effect of metal toxicity. 
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Previous research has quantified some of the effects of coal mining operations in the northeast 

of England on marine habitats including intertidal rocky and sandy habitats, and subtidal soft 

sediment habitats. Hyslop et al. (1997) investigation on the effects of colliery waste on littoral 

communities in Durham and Northumberland demonstrated detrimental effects on the 

species richness and diversity of sandy and rocky shore communities. On sandy shores, a 

maximum of two macroinvertebrate species were recorded per shore height – a reduction of 

75% over nearby unaffected shores. On rocky shores, macroalgae species richness was 

reduced by up to 47% at sites affected by colliery spoil over those unaffected (Hyslop et al., 

1997). Shifts in benthic soft sediment communities were observed in subtidal areas where the 

benthos was severely depleted, and crab and lobster habitats were completely smothered 

resulting in a large reduction in the productivity of commercial potting (Eagle et al., 1979). 

Studies including Sheppard, Bellamy and Sheppard (1980) and Jones (1972) reported shifts in 

L. hyperborea holdfast associated macroinvertebrate communities corresponding with the 

severity of pollution, but also suggest the effects could be a result of increased turbidity. For 

example, larger numbers of suspension feeders are found in association with increased organic 

matter and suspended load, which may come about as a result of colliery waste disposal 

(Jones, 1972; Sheppard et al., 1980). Whilst recovery of habitats shortly after the cessation of 

mining was spatially variable yet broadly limited (Johnson and Frid, 1995), very little attention 

Figure 1.3. Minewater discharge at Blackhall Rocks on the County Durham coast, 1974. 
Credit/Catherine Smith. 
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has been focussed upon developing an understanding on the current state of habitats in these 

affected areas, and in particular, kelp forest habitat. Since the majority of studies on the effects 

of colliery waste disposal took place during mining activity, no studies have characterised 

marine habitats at locations that were directly under large volumes of mine spoil for decades 

due to their inaccessibility at the time.  

 

Although the kelp forests that were once buried under meters of coal spoil have regrown, the 

extent of their recovery and the health and functioning of the habitat they create is unknown. 

Additionally, the structure and function of kelp forests along the wider geographic area of UKs 

North Sea coast is greatly understudied. Very few studies in the last 50 years have focussed on 

kelp forest habitats in this geographic region, and in that time, it is very likely that changes to 

the coastline have taken place, particularly in the case of the Durham and Northumberland 

coasts as they recover from the effects of industrialisation. 

 

Figure 1.4. The ‘coal shelf’ at Blast Beach (Site C1), County Durham, showing present day 
evidence of historic coal mining waste disposal. 
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1.6 Aims and hypotheses 

 

This thesis, therefore, aims to fill the knowledge gaps on the structure of kelp forests on the 

UKs North Sea coast, adding to the breadth of knowledge that previous studies over the last 

decade have gained on the structure of kelp forests on the western coast of the UK. This will 

be achieved through kelp forest surveys at a range of sites and depths carried out in Chapter 

2. Additionally, I aim to determine if historic coal mining operations that ceased over 30 years 

ago have a negative impact on the structure, productivity and biodiversity of kelp forests today. 

To achieve this, comparative surveys of multiple aspects of kelp forest structure and function 

will be carried out between  polluted and non-polluted areas. Sites characterised as ‘polluted’ 

in these comparative studies are proxies of pollution that represent historically affected areas 

where kelp forests were buried under spoil heaps for extended periods of time (possibly up to 

tens of years). Conversely, ‘non-polluted’ sites are located away from mining activity. Following 

this structure, Chapter 3 will investigate the structure and productivity of kelp forest habitats, 

Chapter 4 will focus on the diversity associated with kelp holdfasts and stipes, and finally, 

Chapter 5 will analyse the structure of the kelp surface bacterial microbiome on a variety of 

kelp tissues. The lack of previous studies conducted on aspects of kelp structure and 

functioning in this geographic area make it difficult to determine evidence-based hypotheses. 

However, based on the responses of other kelp species to environmental perturbations it is 

likely that the significant quantities of waste that were disposed of, the quantity of heavy 

metals introduced to the marine environment, and the present day impact of minewater 

discharges will have had negative impacts on the structure and function of these habitats. The 

results from these studies will form a baseline of kelp forest structure on the North Sea 

coastline of the UK and will provide a foundation for future research in this understudied 

region. This baseline will not only allow for comparisons with other kelp-dominated 

ecosystems but will also facilitate monitoring of potential changes in response to ongoing 

environmental pressures, such as climate change and coastal pollution.  

 

I hypothesise that kelp forests in areas historically affected by coal mining waste will exhibit 

lower productivity, negatively impacted structure, and diminished biodiversity compared to 

unaffected areas, due to the long-term impacts of heavy metal pollution, sedimentation, and 

habitat degradation. Furthermore, it is anticipated that differences in the bacterial 
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microbiome, particularly reduced diversity and shifts in assemblage structure, may correlate 

with observed variations in kelp forest structure and associated fauna due to their influence 

on host health. These hypotheses will direct the thesis and aim to improve our understanding 

on how historical anthropogenic impacts have shaped, and may continue to influence, the 

resilience and ecological function of these important coastal habitats. 

 

1.7 Author Declaration 
 

Chapters 2, 3, 4 and 5 have been prepared as independent units and are in the final stages of 

being prepared for submission to scientific journals for publication. As a result, therefore, there 

are elements of repetition within the introductions and certain sections of the discussions. 

This repetition accounts for no more than 5% of the entire thesis and, as such, does not 

attempt to fulfil any substantive requirements or contribute artificially to the overall content 

of the thesis. 
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Chapter 2. Regional-scale variability in the structure and carbon standing 

stock of Laminaria hyperborea forests across gradients of depth in the North 

Sea. 

 

2.1 Introduction 

 

Kelp, large brown macroalgae primarily of the Order Laminariales, are distributed on 

temperate and sub-polar reefs along ~36% of global coastlines (Jayathilake and Costello, 2021). 

Here, they form extensive, highly productive and diverse forests that provide a range of 

valuable ecosystem goods and services for human society (Beaumont et al., 2008; Smale et al., 

2013). As foundation species, kelp create biogenic habitat and support diverse associated 

assemblages and food webs through high primary productivity (Mann, 1973; Dayton, 1985; 

Rassweiler et al., 2018), alongside playing an important role in coastal processes such as wave 

attenuation (Pinsky, Guannel and Arkema, 2013), nearshore sedimentation (Connell, 2005), 

nutrient cycling (Pfister, Altabet and Weigel, 2019) and carbon storage (Pessarrodona et al., 

2018).  

 

Although kelp forests can play an important role in these processes, the degree to which they 

do so is generally governed by their structure and spatial extent (Morris et al., 2020). The 

structure and distribution of kelp forests is controlled by an array of interacting physical 

processes including temperature (Wernberg et al., 2015; Smith et al., 2022), light availability 

(Desmond, Pritchard and Hepburn, 2015; Smith et al., 2022) and wave exposure (Harrold, 

Watanabe and Lisin, 1988; Norderhaug et al., 2012), as well as ecological processes such as 

competition (Arkema, Reed and Schroeter, 2009) and herbivory (Watanabe and Harrold, 1991). 

However, in many regions the structure and functioning of kelp forests is impacted by rapidly 

changing environmental conditions and increasing pressure from anthropogenic influences 

(Ling et al., 2009; Arnold et al., 2016; Provost et al., 2017; Wernberg et al., 2024). Climate 

change is an underlying cause for major changes in kelp forest structure through warming-

driven shifts in species’ distributions (Smale et al., 2020), and marine heatwaves, which are 

driving the alteration and collapse of kelp forest habitats across multiple continents (Tyler-

Walters, 2007; Arafeh-Dalmau et al., 2019; Smale et al., 2019). Processes operating across the 
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land-sea interface, such as coastal development and agricultural practices leading to 

decreased coastal water quality, have also contributed to the degradation and disappearance 

of kelp forests in many regions (Krumhansl et al., 2016). The impacts of these anthropogenic 

stressors are only likely to intensify in the future. It is therefore imperative to have robust 

understanding of the structure of these important habitats to manage and protect them, and 

to have a baseline to restore the system to, should they be negatively impacted in the future. 

 

Kelp forest structure is also a key determinant of the quantity of carbon stored within the 

respective forest. ‘Carbon standing stock’ is a measure of the quantity of carbon stored within 

kelp tissues at a specific point in time (Hill et al., 2015) and is primarily determined by the 

morphology and density of individuals of a specific kelp species, with larger individuals and 

higher density forests typically storing greater quantities of carbon (Smale and Moore, 2017). 

Given the potential spatial extent of kelp species both globally (~36% of coastlines; Jayathilake 

and Costello, 2021) and within the current study area of the United Kingdom (UK; 15,984 km2; 

Yesson et al., 2015), there is likely to be a significant amount of carbon stored within the 

habitats they underpin, with estimates suggesting carbon standing stock to be 1-2 orders of 

magnitude greater than other vegetated temperate marine habitats such as seagrass beds or 

saltmarshes (Garrard and Beaumont, 2014). Kelp also act as ‘carbon donors’, as the vast 

majority of primary productivity is exported from the source habitat (Krumhansl and 

Scheibling, 2012; Smale et al., 2022) and is often transported to carbon storage habitats where 

it contributes to the allochthonous organic matter that they sequester (Trevathan-Tackett et 

al., 2015; Queirós et al., 2023; Filbee-Dexter et al., 2024). 

 

Along the rocky wave-exposed coastline of the United Kingdom, kelp forests are generally 

dominated by the stipitate kelp Laminaria hyperborea (Gunnerus) Foslie 1884, whose range 

extends from northern Portugal to northern Norway (Sjøtun et al., 1993; Pinho et al., 2016), 

reaching depths of >40 m in clear waters (Hiscock, 1992; Tyler-Walters, 2007), although 

generally 15 to 20 m around much of the UK coastline (Smith et al., 2022). In favourable 

conditions L. hyperborea forms extensive, dense forests that create habitat both directly 

(Teagle et al., 2018) and indirectly (Sjøtun, Christie and Fosså, 2006; Bué et al., 2020; Earp et 

al., 2024) that in turn support inshore fisheries and coastal biodiversity (Johnson and Hart, 
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2001; Norderhaug, Fredriksen and Nygaard, 2003; Burrows, 2012; Smale et al., 2022). Around 

a decade ago our understanding of the ecology of kelp forests along the extensive and complex 

coastline of the UK lagged behind other leading scientific nations (Smale et al., 2013), but 

recent research efforts have characterised the structure and function of L. hyperborea forests 

and their associated assemblages in the UK, with a particular focus on the northern and 

western coasts (Gouraguine et al., 2024; Smale et al., 2016; Smale and Moore, 2017; Smith et 

al., 2022; Teagle et al., 2018). Whilst these previous studies show a large degree of variability 

in kelp forest structure and function across the latitudinal range of the UK, they also show 

these regions to have some of the most dense and productive kelp habitats within this species 

range, with individuals reaching over 2.5 m in length and found in densities of up to 60 

individuals per m-2.  

 

Although these previous studies have significantly added to our knowledge of the structure, 

function and ecosystem services provided by UK kelp forests, they have not included kelp 

forest ecosystems found along the eastern coast of the UK, despite historical work conducted 

on the UK coastline of the North Sea indicating the presence of extensive L. hyperborea forests 

(Whittock, 1969). Here, we address this knowledge gap by investigating the structure of L. 

hyperborea forests along a gradient of depth (2-10 m below chart datum) at six survey sites 

within two regions on the North Sea coastline of the eastern UK. We also examine estimates 

of carbon standing stock for L. hyperborea forests at a further four regions, representing a 

latitudinal gradient of 9° and spanning a range of environmental conditions. This study allows 

for comparisons between kelp forests throughout this species range and provides one of the 

first comprehensive insights into the structure of kelp forests on the North Sea coastline of the 

UK.  

 

2.2 Methods 

 

2.2.1 Kelp forest structure and depth distribution 

 

In June 2021, kelp forests dominated by L. hyperborea were surveyed in two regions along the 

North Sea coastline of eastern UK: NE England (A) and SE Scotland (B) (Figure 2.1). Within each 
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region, three sites were selected based on the following criteria: 1) sites included sufficient 

areas of rocky subtidal reef at depths of 5 m (below chart datum, BCD; all depths hereafter 

relate to BCD), with two of the three chosen sites in each region characterised by a sloping 

gradient from 2 to 10 m depth (or the deepest extent of kelp forest); 2) sites were 

representative of the wider region in terms of coastal geomorphology and not obviously 

influenced by localized anthropogenic activities (e.g. sewage outfalls) and; 3) sites were “open 

coast” and moderately to fully exposed to wave action. Regions were separated by a distance 

of 45 km, while sites were separated by between 0.3 km and 3.5 km. 

 

To investigate the structure of L. hyperborea forests, SCUBA divers placed five to eight replicate 

1 m2 quadrats haphazardly within the main kelp forest habitat, estimated the percent cover of 

the kelp canopy and counted the number of canopy and sub-canopy individuals. Canopy plants 

were defined as mature sporophytes forming part of the main canopy, while sub-canopy plants 

included mature sporophytes as well as juveniles with digitate blades and a well-developed 

stipe found beneath the main canopy. First year recruits with undivided blades were counted 

but were excluded from the analyses due to uncertainty in their identification and 

considerable spatial patchiness. The density of sea urchins (exclusively Echinus esculentus) 

within quadrats was also recorded (Table 2.1). The morphology and biomass of canopy forming 

plants was investigated by collecting ten haphazardly selected individuals per sampling depth, 

per site. Whole plants were collected by dislodging holdfasts from the substratum and 

returning them to the surface where morphological characteristics including stipe length (cm), 

total length (cm), stipe biomass (g fresh weight; FW), and total biomass (g FW) were recorded. 

Individuals were also aged by counting annual growth rings on cross-sections of the stipe 

sampled close to the stipe-holdfast junction (as described by Kain and Jones, 1963). All data 

and sample collection was conducted at 5 m depth at each of the three chosen sites in each 

region, with additional sampling taking place at 2 and 10 m depth (or the deepest extent of 

kelp forest if shallower than 10m) at two of the three chosen sites in each region (A2, A3, B2 

and B3). At these sites, the maximum depth of kelp forest was also recorded. 

 

 



21 
 

 

Fi
gu

re
 2

.1
. S

tu
d

y 
re

gi
o

n
s 

ac
ro

ss
 t

h
e 

U
n

it
ed

 K
in

gd
o

m
: (

A
) 

N
E 

En
gl

an
d

, (
B

) 
SE

 S
co

tl
an

d
, (

C
) 

N
 S

co
tl

an
d

, (
D

) 
W

 S
co

tl
an

d
, (

E)
 S

W
 W

al
es

, 
(F

) 
SW

 E
n

gl
an

d
. S

m
al

l m
ap

s 
in

d
ic

at
e 

lo
ca

ti
o

n
s 

o
f 

st
u

d
y 

si
te

s 
w

it
h

in
 e

ac
h

 r
eg

io
n

. R
eg

io
n

s 
A

 a
n

d
 B

 a
re

 n
ew

 s
u

rv
ey

 r
eg

io
n

s 
sa

m
p

le
d

 in
 

th
e

 p
re

se
n

t 
st

u
d

y.
 D

at
a 

fo
r 

th
e 

p
re

vi
o

u
sl

y 
sa

m
p

le
d

 r
eg

io
n

s 
o

f 
C

-F
 a

re
 f

ro
m

 S
m

it
h

 e
t 

al
. (

2
02

2
).

 



22 
 

2.2.2 Carbon standing stock 

 

Additional data on the morphology of L. hyperborea in the UK, spanning a further four regions 

and a latitudinal gradient of almost 9, were sourced from Smith et al. (2022). Carbon standing 

stock was estimated following the methods of Smale et al. (2016) in which the relationship 

between fresh weight (FW) and dry weight (DW) of basal blade, distal blade and stipe tissue 

were calculated from 47 kelp plants collected from regions C, D, E and F (N Scotland, W 

Scotland, SW Wales and SW England, respectively; Fig 1). Study wide averages calculated in 

Smale et al. (2016) showed the DW:FW ratio varied between different regions of the kelp plant, 

with mean values of 0.29, 0.17 and 0.21 for basal blade, distal blade and stipe, respectively 

(Smale et al., 2016). Here, we averaged these values for basal and distal blade DW:FW to 

obtain a value for the whole kelp blade of 0.23 and for the stipe of 0.21. These values were 

then used to convert our measurements of whole plant fresh weight from NE England and SE 

Scotland to whole plant dry weight. Site averages of DW for canopy forming L. hyperborea 

were multiplied by the average density of canopy forming individuals recorded in the 1 m2 

quadrats at each site, giving an estimated biomass (DW) per 1 m2. Finally, the conversion of 

DW per m2 to carbon standing stock was based on previous research on a range of kelp species 

that indicates approximately 30% of DW is carbon (Smale et al., 2016; Pessarrodona et al., 

2018).  

 

2.2.3 Environmental data 

 

Data for various environmental variables known to influence kelp forest structure (Smale et al, 

2016) were extracted. Wave exposure was determined from log10 wave fetch values extracted 

from Burrows (2020), with all study sites categorised as ‘exposed’, with values greater than 3.5 

log10 (Burrows, 2012) (Table 2.1). Sea surface temperature (SST), pH and chlorophyll a 

concentration (proxy for turbidity) for the period between 2000 and 2014 were extracted from 

Bio-ORACLE (Assis et al., 2018) using the ‘sdmpredictors’ package in RStudio v. 4.2.1 (R Core 

Team, 2022). However, due to the proximity of the sites to one another and the resolution of 

the environmental data, most data were only available on the regional scale and therefore only 

wave fetch data was used in further analyses.  
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2.2.4 Statistical analysis 

 

Patterns of spatial variability in L. hyperborea forest structure (i.e. canopy density, total density 

and total canopy biomass), individual-level metrics (i.e. canopy former biomass, stipe length, 

total length and age) and carbon standing stock were analysed using univariate permutational 

analyses of variance (PERMANOVA) (Anderson, 2001). Variation in kelp forest metrics between 

all sites in NE England (A) and SE Scotland (B) at 5 m depth, was determined using two-way 

PERMANOVA with Region (fixed, 2 levels) and Site (random, 3 levels and nested within Region) 

as factors. Variation in kelp forest metrics between two sites in NE England (A) and SE Scotland 

(B) and across depths was determined using three-way PERMANOVA with Region (fixed, 2 

levels), Site (random, 2 levels and nested within Region), Depth (fixed, 3 levels) and their 

interactions as factors. The distributions of morphological and density data were checked and 

conformity to normal distribution confirmed. Variation in carbon standing stock between sites 

at the six study regions (A-F; Figure 2.1) at 5 m depth was determined using a two-way 

PERMANOVA with Region (fixed, 6 levels) and Site (random, 2 levels and nested within Region) 

as factors. For each analysis, permutations (9,999 under a reduced model) were based on 

Euclidean distance similarity matrices constructed from untransformed data. Where the 

number of permutations was low (i.e. <100), p values derived from Monte Carlo simulations 

were used. Pairwise post hoc comparisons were performed where significant differences 

(p<0.05) were detected.  

 

Relationships between log10 values of wave fetch and kelp forest structure (i.e. canopy density, 

total density and total canopy biomass) and individual-level metrics (i.e. canopy former 

biomass, stipe length, total length and age) at a depth of 5 m were examined using distance 

based linear models (DISTLM). The relationship between urchin density and the maximum kelp 

forest depth were also tested using DISTLM. All DISTLM models were based on Euclidian 

distance similarity matrices and run using 9,999 permutations. Statistical analyses were 

conducted using PRIMER 7 software (Clarke and Gorley, 2015) with the PERMANOVA add-on 

(Anderson, 2008). Model assumptions were checked, and all figures were made in RStudio v. 

4.2.1 (R Core Team, 2022) using the packages “car” (Fox, Weisberg and Price, 2001), “ggplot2” 

(Wickham, 2016), “ggpubr” (Kassambara, 2016) and “rstatix” (Kassambara, 2019). 
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2.3 Results 

 

2.3.1 Spatial variability in the structure of L. hyperborea forests 

 

At 5 m depth, L. hyperborea dominated at all sites in NE England and SE Scotland (100% of 

canopy forming individuals recorded in quadrats), although the kelp species Alaria esculenta 

and Saccharina latissima were observed in very low abundances at some sites. The mean (± 1 

SE) density of canopy forming L. hyperborea individuals ranged from 7.3 ± 0.5 to 12.3 ± 0.5 

ind.m-2 (B2 and B1 respectively), while the total density of individuals (canopy and subcanopy) 

ranged from 16.8 ± 2.6 to 32.0 ± 5.1 ind.m-2 (B2 and A2 respectively; Figure 2.2a-b). Both 

canopy density and total density varied across small spatial scales, with significant variation 

between sites nested within regions, but not between regions (Table 2.2; Figure 2.2a-b). Stipe 

length and total length of canopy forming individuals showed significant small-scale variation 

between sites nested in regions, with total length additionally varying significantly between 

regions. Indeed, the total length of canopy forming individuals was significantly greater in NE 

England (272.8 ± 8.5 cm) compared to SE Scotland (196.5 ± 6.6 cm; Figure 2.2d; Table 2.2). The 

stipe length of canopy forming individuals ranged from 83.6 ± 8.3 to 170.0 ± 2.5 cm (B2 and 

A1 respectively).  

 

The biomass of canopy forming individuals was significantly greater in NE England (1869.2 ± 

118.9 g FW ind-1) compared to SW Scotland (1105.7 ± 88.6 g FW ind-1), whereas the total 

canopy biomass ranged from 6.6 ± 0.6 to 19.6 ± 0.8 kg FW m-2 (B2 and A3 respectively) and 

exhibited significant variation between sites nested in regions, but not between regions (Table 

2.2; Figure 2.2e-f). The age of canopy-forming individuals ranged from 6.0 ± 0.4 to 6.9 ± 0.5 

years (B3 and A2 respectively) and did not vary significantly across sites or regions (Table 2.2; 

Figure 2.2g).  
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Figure 2.2. Structure of Laminaria hyperborea populations at sites within regions A (NE 
England) and B (SE Scotland) at a depth of 5 m BCD. Bars represent mean values ± SE. 
Points represent raw data values. (n ≥ 6 for quadrat-level variables: A, B & F; n ≥ 9 for plant-
level variables: C, D, E & G). FW: Fresh Weight. Ind.: Individual. See Figure 2.1 for study 
site locations. 
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Table 2.1. Environmental drivers of kelp forest structure at six study sites within two regions of NE England and SE 
Scotland. Mean annual sea surface temperature (SST) and chlorophyll a values were extracted from Bio-ORACLE 
(Assis et al., 2018) for the years 2000 to 2014. Wave fetch values are extracted from Burrows (2020). Urchin density 
is the average number of Echinus esculentus recorded in 5-8 replicate 1 m2 quadrats at a range of sampling depths 
at each site. Site locations can be seen in Figure 2.1. 

Table 2.2. Univariate permutational ANOVAs to test for variability in population and individual 
level kelp metrics between regions and sites at a depth of 5 m BCD. Significant values (p < 0.05) 
are indicated in bold. Significance values followed by a ‘†’ are derived from Monte Carlo 
simulations. Variables per m2 and per canopy-forming individual tested between two study 
regions (A and B), carbon standing stock tested between all six regions (A-F: Figure 2.1). 
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2.3.2 Environmental drivers 

 

All sites were considered “exposed” to wave action, however sites in NE England had greater 

wave fetch values compared to those in SE Scotland, with the most exposed site being A3 

(4.478) and least exposed B2 (4.068) (Table 2.1). Whilst data was only available on the regional 

scale for other proposed environmental drivers (and not used in formal analysis), mean SST 

was ~0.3°C greater and chlorophyll a concentration roughly 0.3 ml/m3 lower in SE Scotland 

than in NE England. When testing the relationship between wave fetch and measures of kelp 

forest structure, DISTLM tests found significant relationships between wave fetch and total 

density, as well as all measures of morphology (stipe and total length and canopy plant 

biomass) (Table S2.1) with sites characterised by greater wave exposure supporting greater 

densities, longer lengths and overall greater canopy plant biomasses. 

 

2.3.3 Depth distribution of kelp forests in NE England and SE Scotland 

 

At the four sites where kelp forests were studied across a depth gradient, L. hyperborea was 

dominant at all depth increments. Kelp forest structure was again highly variable over small 

spatial scales, with significant variation in most individual and population level metrics 

between sites nested within regions and depths (Table 2.3; Figure 2.3). The density of canopy-

formers and the total density of L. hyperborea tended to decrease with increasing depth at all 

sites (Figure 2.3a-b). Although there was significant variability between sites nested in region 

and depths (Table 2.3; Figure 2.3a-b), which was driven by non-significant declines in density 

between 2 and 5 m depth at a limited number of sites, as well as variability in kelp density at 

2 m for some sites. In terms of L. hyperborea canopy percent cover, there was a significant 

region by depth interaction (Table 2.3), with cover at 10 m being lower in SE Scotland 

compared to NE England (Figure 2.3c). In contrast, at all other depths canopy cover was similar 

across sites and regions with values often reaching 100% (Figure 2.3c). For sub-canopy plants 

there was a significant interaction between sites nested within regions and depths (Table 2.3). 

In general, percent cover of sub-canopy individuals decreased with depth at all sites, although 

the rate of decline varied between sites (Figure 2.3d). Total canopy biomass also varied 

between sites nested within regions and depths (Table 2.3). At all sites total canopy biomass 

was lowest at 10 m, but there was significant variation between sites and regions, while the 
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greatest total canopy biomass occurred at 2 m at all sites except A3 where it occurred at 5 m 

(Figure 2.3h). 

 

Stipe length, total length, and canopy plant biomass varied significantly between sites nested 

in regions and depths (Table 2.3; Figure 2.3c,e-f). As with L. hyperborea density, there was a 

tendency for all these factors to decrease with depth, with the exception of site A3 and B3 

where these metrics increased from 2-5 m and then decreased again down to 10 m depth 

(Figure 2.3e-g). Stipe length and total length were generally greater at site A2 compared to site 

A3 across all depth ranges, with the exception of total length at 5 m which was greater at site 

A3. The age of canopy forming L. hyperborea plants did not vary with depth but did vary across 

sites nested within regions, with A3 (5.7 ± 0.5 yr) and B3 (4.8 ± 0.3 yr) supporting younger 

canopy forming plants compared to A2 (6.3 ± 0.3 yr) and B2 (5.7 ± 0.3 yr) (Table 2.3; Figure 

2.3i).  

 

Kelp forest maximum depth extent was deepest in NE England at site A2 where it reached 13 

m, whereas at site A3 it reached only 11 m. Maximum kelp forest depth in SE Scotland was 

considerably lower than in NE England, reaching just 7 m at site B2 and 10 m at site B3 (Table 

S2.2). Although there was no significant relationship between the density of urchins and the 

maximum depth penetration of kelp forests (Table S2.3), the relationship did approach 

significance (p=0.07), with the highest urchin density being recorded at the site with the 

shallowest kelp forest depth penetration (7 m at site B2). No trend was observed across the 

other three sites. 
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Figure 2.3. Structure of Laminaria hyperborea populations at sites within regions A (NE England) and B 
(SE Scotland) at depths of 2 m, 5 m and 7-10 m BCD. Bars represent mean values ± SE. Points represent 
raw data values. (n ≥ 6 for quadrat-level variables: A, B & F; n ≥ 9 for plant-level variables: C, D, E & G). 
FW: Fresh Weight. Ind.: Individual. See Figure 2.1 for study site locations. 
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2.3.4 Carbon standing stock 

 

Average carbon standing stock held within L. hyperborea canopies across the 6 study regions 

was 858 ± 79 g C m-2. The standing stock of carbon varied significantly between sites nested 

within regions (Table 2.2) and was greatest at site C1 (N Scotland; 1578 ± 94 g C m-2) and lowest 

at site E1 (SW Wales, 303 ± 38 g C m-2) (Figure 2.4). Variability among sites within a region was 

most pronounced in SE Scotland (B) where standing stock varied by ~51% between sites, and 

was least pronounced in SW England (F) where variation was just ~11% (Figure 2.4). While 

there were clear differences between most sites nested within regions there were also some 

clear regional effects (Table 2.2). With the exception of SE Scotland, cooler regions in the north 

of the UK tended to have greater carbon standing stocks compared to warmer southern 

regions. These differences were significant between N Scotland compared to SW Wales and 

SW England, and NE England compared to SW Wales (Figure 2.4).  

Figure 2.4. Estimated Laminaria hyperborea canopy carbon standing stock (g C m-2) at study sites 

around the United Kingdom. Bars represent mean values ± SE, n = 8-10. See Figure 2.1 for study site 

locations.  
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2.4 Discussion 

 

The structure of Laminaria hyperborea forests in NE England and SE Scotland varied across a 

range of spatial scales. At 5 m depth, the total length and biomass of canopy forming 

individuals were markedly different between regions, with individuals in NE England 

significantly greater in length and biomass than those in SE Scotland. At this depth, all other 

measures of density, biomass, and morphology varied over smaller spatial scales with 

significant site within region level effects. For example, both the greatest and lowest values of 

canopy density were measured at sites in SE Scotland, and total canopy biomass varied almost 

threefold between sites within the region. L. hyperborea forests also varied along a depth 

gradient extending from 2 to 10 m. Canopy and total L. hyperborea density generally decreased 

with depth, but there was also significant variation between sites nested within regions and 

depth. The percent cover of L. hyperborea canopy was generally 100% at 2 m and 5 m depth 

but reduced considerably at 10 m, and at this depth, cover was significantly lower in SE 

Scotland than NE England. Sub-canopy percent cover also declined with depth, but the rate of 

decline varied between sites. At 10 m depth, the biomass of canopy forming individuals, as 

well as stipe length and total length were lower than those of individuals at shallower depths. 

In half of our study sites, these measures peaked at 2 m, and the other half at 5 m. The total 

biomass of canopy forming individuals was greatest at 5 m in all but one study site. Age varied 

across sites nested in region and depth but did not vary across depths. At sites across the UK, 

carbon standing stock varied significantly between sites within the six study regions, as well as 

across regions. With the exception of SE Scotland, standing stock was generally greatest, albeit 

more variable across sites in cooler northern areas of the UK. 

 

The range of values recorded for stipe length in NE England and SE Scotland were comparable 

in magnitude to other previously studied regions of the UK (Smale et al., 2016; Smale and 

Moore, 2017; Smith et al., 2022) and Norway (Rinde and Sjøtun, 2005; Pedersen et al., 2012; 

Bekkby et al., 2019; Gundersen et al., 2021). Stipe length varies along latitudinal gradients in 

both the UK and Norway, likely as a result of cooler sea surface temperatures and increased 

light levels promoting enhanced growth (Smale et al., 2016). In the UK, where L. hyperborea 

populations are located towards the centre of its range, stipe length generally increases with 

latitude (Smale et al., 2016). In Norway which includes the poleward range edge of this species, 
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stipe length increases from low to mid latitudes before decreasing at higher latitudes towards 

its range edge (Gundersen et al., 2021). These patterns suggest that L. hyperborea follows an 

abundant centre model (Sagarin, Gaines and Gaylord, 2006) in terms of its population 

structure. Stipe lengths recorded on the North Sea coast of the UK align with this pattern, with 

sizes comparable to those found in more northern regions of the UK, including N and W 

Scotland, as well as mid-latitude regions of Norway; regions in which some of the greatest L. 

hyperborea stipe lengths have been recorded. While not as strong as for stipe length, total 

length is generally greater in more northern regions of the UK (Smale et al., 2016; Smith et al., 

2022). Here, we found that total length was generally comparable to, if not greater than, other 

UK and Norwegian regions at both similar and higher latitudes, suggesting that NE England 

and SE Scotland are optimum habitats for kelp growth. 

 

While there are no significant latitudinal effects in terms of kelp density, in the UK, L. 

hyperborea density typically increases towards the south coast, possibly due to kelp forests 

being characterised by smaller individuals with lower biomass that occupy less space, allowing 

a greater number of individuals to persist in a given area (Smale et al., 2016; Pessarrodona et 

al., 2018). Similar patterns have been observed in Norway, where the greatest densities are 

typically found towards the northern and southern latitudes of the countries coast, 

corresponding with areas where individuals are generally shorter and have lower biomass 

(Gundersen et al., 2021). L. hyperborea densities in SE Scotland and NE England were generally 

comparable to, or greater than, other regions of similar latitude within the UK, but were 

considerably lower than mid-latitude Norway where densities are typically at their lowest 

(Pedersen et al., 2012; Smale et al., 2016; Gundersen et al., 2021).  

 

Smaller L. hyperborea generally have a reduced biomass, and therefore trends in stipe length 

and biomass are often similar. In the UK, the biomass of canopy forming individuals varies 

along a latitudinal gradient, with individuals of greater biomass found in more northern 

regions (Smale et al., 2016). Our results conform with this trend, with values of canopy-forming 

plant biomass in SE Scotland comparable to other regions of the UK at similar latitudes, 

although measures for NE England were among some of the greatest ever recorded for L. 

hyperborea in the literature, from even the highest UK latitudes (Smale et al., 2016; Smith et 
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al., 2022) as well as Norway’s mid latitudes (Gundersen et al., 2021). Estimates of standing 

biomass, however, were considerably lower than Norwegian kelp forests (Gundersen et al., 

2021) yet still comparable to estimates from northern regions of the UK (Smale et al., 2016; 

Smith et al., 2022). 

 

While there are clear latitudinal patterns in kelp forest structure, our results, and those of 

previous studies (Smale et al., 2016; Smith et al., 2022), show high levels of small-scale 

variability (i.e. between sites within a region). Changes in environmental conditions over large 

latitudinal gradients are responsible for some of the patterns we see in kelp forest structure, 

however, environmental conditions also vary over smaller scales and are likely to be 

responsible for driving the variability measured between sites within a region here. Several 

studies have highlighted numerous key interacting variables that influence kelp forest 

structure over small scales (Pedersen et al., 2012; Smale et al., 2016; Smale and Moore, 2017; 

Gundersen et al., 2021; Smith et al., 2022). Notably, wave exposure is consistently identified 

as a primary driver of variation in kelp forest structure (Sjøtun, Fredriksen and Rueness, 1998; 

Pedersen et al., 2012; Bekkby et al., 2014; Smale et al., 2016), with our findings showing that 

increased wave exposure is associated with higher measures of kelp biomass, density, and 

length. These effects are evident not only at the site level but also between regions, where the 

greater wave exposure observed in NE England results in significantly greater individual 

lengths and biomasses compared to SE Scotland. The biology and morphology of Laminaria 

hyperborea are known to vary with wave exposure, which is positively correlated with the 

species’ presence (Bekkby et al., 2009). Higher water velocity, driven by wave exposure, 

enhances rates of photosynthesis and inorganic nutrient uptake (Hurd, 2000), leading to 

increased growth rates and primary productivity (Pedersen et al., 2012). Consequently, we 

observe greater performance of L. hyperborea in more wave-exposed areas, particularly in the 

form of increased biomass, density, and length (Pedersen et al., 2012; Smale et al., 2016; 

Gundersen et al., 2021). The impact of wave exposure on kelp forests can be profound, with 

biomass and density seen to quadruple between low and high exposure sites within a single 

region (Smale et al., 2016). Increases in density are often driven by an increase in the number 

of sub-canopy individuals, while the number of canopy-forming individuals remains 

unchanged. Although these sub-canopy individuals contribute little to the overall biomass, 

they form a critical reserve that can be utilised to replace lost canopy individuals (Pedersen et 
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al., 2012). Here, we found a significant effect of wave fetch on the total density but not on the 

density of canopy-formers, suggesting that wave fetch may be driving important processes in 

terms of recruitment or competition within the kelp forest sub-canopy. 

 

Being a cold-temperate species, L. hyperborea gametophytes cannot persist in sea water 

temperatures over 21°C and sporophytes are compromised at temperatures over 20°C (Bolton 

and Lüning, 1982; Müller et al., 2009). Within the UK, the cooler northernmost regions, 

including the present study area, are therefore likely to provide more suitable conditions to 

favour populations of L. hyperborea than the warmer southern regions, where maximum 

seawater temperatures regularly exceed 18°C in summer months (Morris et al., 2018; Smale 

et al., 2016). Summer months in the UK are also characterised by longer day lengths. Kelp, 

being autotrophic, require light for photosynthesis, and since day length during the summer – 

the period of time when kelp synthesise and store carbohydrates to utilise for growth in the 

following growth season – is greater in higher latitudes, populations in the north of the UK 

benefit from an extended photoperiod in which greater biomass individuals can be produced 

(Rinde and Sjøtun, 2005; Smale et al., 2016). Indeed, day length may be more important than 

actual irradiance levels in driving large scale variability (Drew, 1983), however even across 

small spatial scales, light availability is a key factor in controlling the recruitment, biomass, size, 

density and growth of this species (Gorman et al., 2013; Bekkby et al., 2019) and may be 

responsible for driving some of the small spatial-scale variation measured in this study.  

 

As photosynthetic organisms, kelp similarly show variability across depth gradients as they do 

with horizontal gradients. Given that light availability decreases with depth, kelp productivity 

also decreases with depth, meaning smaller individuals and reduced densities are often 

observed in deeper waters (Sjøtun, Fredriksen and Rueness, 1998; Bekkby et al., 2019). In 

addition to light availability, sedimentation rates can also be a determining factor in the 

structure of macroalgal habitats (Smale and Moore, 2017; Otero-Ferrer et al., 2020), however, 

with our sites being characterised by a sloping gradient, along with being fully exposed to wave 

energy, we did not see any evidence of sediment deposition during sampling. It is likely, 

however, that at shallow depths, greater turbulence relative to deeper areas could have an 

impact on kelp productivity through increased motion of individuals. This would lead to 
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elevated rates of nutrient transfer, greater availability of light to kelp blades, and increased 

rates of plant dislodgement that alleviates intraspecific competition – all factors that may lead 

to greater biomass accumulation and growth rates compared with deeper populations that 

experience less motion (Hurd, 2000; Pedersen et al., 2012; Bekkby et al., 2019). 

 

Light availability also influences the depth to which kelp forests may extend, with kelp around 

the UK reported at depths of up to 48 m in areas of high water clarity, but absent / limited to 

~2 m in areas with more turbid waters (e.g. Liverpool Bay and the Severn Estuary; Birkett et 

al., 1998). While L. hyperborea in NE England and SE Scotland were of a comparable size at 

similar depths to those observed in colder, more northerly regions of the UK and southern 

Norway, it is interesting to note that kelp forests in SE Scotland did not extend beyond 10 m (7 

m at site B2), whereas in N and W Scotland kelp forests extend to 13 m and 24 m respectively 

(Smith et al., 2022). The lower depth distributions of forests in NE England were slightly 

deeper, at 11 m and 13 m, however the majority of the sites we surveyed along the North Sea 

coast had more comparable depth penetrations to southern regions of the UK (e.g. 9 m SW 

Wales, 10 m SW England; Smith et al., 2022). Differences in water clarity/turbidity on a local 

scale have impacted kelp forest depth penetration in regions around the world. For example, 

locally, Loch Linnhe in W Scotland experiences high sedimentation rates (Overnell and Young, 

1995) that limit kelp depth to ~6.5 m (Tsiamis et al., 2020). Further afield, land use that 

subsequently impacts water clarity has been shown to limit kelp depth in New Zealand 

(Desmond, Pritchard and Hepburn, 2015), and in the South Shetland Islands, increased 

volumes of sediment run-off due to ice melt have reduced the lower depth distribution of 

several macroalgal species (Deregibus et al., 2023). Since turbidity is proven to limit kelp forest 

depth penetration globally, it is possible that elevated turbidity relative to previously surveyed 

sites at similar latitudes in the UK could be responsible for the patterns of depth penetration 

observed here in SE Scotland, and to a lesser extent in NE England.  

 

Aside from light availability, the lower depth distribution of L. hyperborea is thought to be 

somewhat controlled by grazing pressure from the sea urchin Echinus esculentus in the UK 

(Jones and Kain, 1967) and Strongylocentrotus droebachiensis, in Iceland (Hjorleifsson, Kassa 

and Gunnarsson, 1995). Here, the effect of urchin density on kelp forest depth distribution 
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approached significance, however, whilst not significant, the greatest average urchin density 

was recorded at the site with the shallowest kelp forest depth extent. Whilst this could be an 

effect of other aforementioned abiotic processes, it could also suggest that elevated urchin 

densities may have a limiting effect on the depth penetration of kelp forests, however the 

scarcity of data collected here does not allow inferences to be made and this requires further 

investigation at a wider range of sites. Despite this, the density of urchins recorded here (albeit 

very variable between sites) was elevated in comparison to other regions of the UK, reaching 

a maximum density of 4.125 ind. m-2 at 5 m depth (site B1), whereas elsewhere in the UK 

urchin densities are rarely recorded to exceed 1 ind. m-2 (Smale et al., 2016; Smith et al., 2022). 

Currently, the influence of urchins on kelp forest structure in the UK is thought to be weak in 

contrast with other abiotic drivers. The green urchin (S. droebachiensis) tends to be present in 

high densities at depths much below that of the lower depth distribution of kelp (Scheibling 

and Hatcher, 2013) and densities of E. esculentus are generally low enough to avoid exerting 

significant pressure on kelp forests, as well as being more abundant at depths greater than the 

lower kelp distribution in many parts of the UK (Comely and Ansell, 1988; Burton et al., 2019). 

However, there are some local exceptions to this, for example high urchin densities of around 

3 per m2 at a depth of 4.5 m off the Isle of Man caused significant reductions in the standing 

crop of L. hyperborea and prevented its depth penetration below approximately 5 m (Jones 

and Kain, 1967; Kain and Jones, 1977). 

 

Despite some localised examples of higher urchin densities, there is currently no evidence to 

suggest that sea urchin grazing - known to cause overgrazing and shifts to barren areas in other 

regions within this species range (Hagen, 1983) - has impacted the structure or abundance of 

UK kelp forests. Additionally, along the UK coastline, grazing by small herbivores such as 

gastropod molluscs does not appear to exert significant pressure on kelp forests (Hargrave et 

al., 2017). This indicates that biological factors are unlikely to play a major role in influencing 

the structure or carbon standing stock within UK L. hyperborea forests. Carbon storage in kelp 

forests is variable throughout this species range and is driven primarily by interacting 

environmental and biological interactions that determine the amount of carbon stored at any 

given time (Smale et al., 2016). However, environmental factors, particularly temperature 

stress, can significantly affect macroalgal productivity and, consequently, the carbon storage 

potential of these forests. Populations at the warmer edge of their geographic range, where 
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they frequently experience heat stress, often exhibit reduced productivity and carbon storage 

capacity (Allen, Breshears and McDowell, 2015). Our findings align with previous studies that 

have shown southern populations along the UK’s latitudinal gradient have lower carbon 

standing stock compared to cooler, northern populations (Smale et al., 2016; Pessarrodona et 

al., 2018). Previous research attributes this pattern to variations in summer light levels and 

maximum sea temperatures across the latitudinal gradient (Smale et al., 2016). Additionally, 

factors such as wave fetch and tidal water motion, which vary over smaller spatial scales, are 

also thought to influence carbon standing stock and may explain the significant variation 

observed between sites within the same region (Smale et al., 2016). 

  

The highest average value of carbon standing stock within this study (1578 g C m-2; site C1 in 

N Scotland) was comparable to previous estimates, however, with the inclusion of an 

additional two northern sites over previous estimates of standing stock in the UK, our study 

wide average of 858 g C m-2 (including both southern and northern populations) is greater than 

previous values for the UK  and (Smale et al., 2016; Pessarrodona et al., 2018) represent the 

first estimates of carbon standing stock for kelp forests on the North Sea coast of the UK. 

Although there was significant variation in carbon standing stock between sites in NE England 

and SE Scotland, as well as a large differences between sites nested within regions, the results 

suggest that NE England, in particular, stores a large quantity of carbon within its L. hyperborea 

forests, and that this standing stock is greater than most published data (with the exception of 

N Scotland; Table 4). The total amount of carbon stored within kelp forest habitats in NE 

England and SE Scotland, however, is dependent on the spatial extent of kelp forest habitat, 

and further work is required to accurately map kelp forest extent along North Sea coastlines.  

 

In conclusion, the findings of this study establish an initial baseline of the structure of L. 

hyperborea forests in NE England and SE Scotland and provide a comparison of forests in these 

regions to those in other areas of the UK and elsewhere across this species range. Comparing 

across the UK and Norway, our results suggest that kelp forests in NE England and SE Scotland 

are amongst some of the tallest and represent some of the greatest carbon standing stock 

values reported for this species, suggesting optimal growth conditions in these areas. However, 

without data on the spatial extent of this species along North Sea coastlines, we are unable to 
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make inferences on the total amount of carbon stored within these habitats. Further research 

to understand the extent of kelp forest habitats is needed to fully comprehend their carbon 

storage capacity. While we discuss the effect of multiple environmental factors on the 

structure and carbon standing stock of kelp forests, we were only able to capture the specific 

effect of wave fetch in this study. In-situ measurements would be an optimum tool for 

understanding the effects of other environmental drivers and the impact small changes in 

these can have over the small spatial scales sampled here.  

 

Although the presented data are representative of only a single point in time, previous 

research conducted since 2014 suggests that UK populations are stable throughout time 

(Pessarrodona et al., 2018; Smale et al., 2020), with historical surveys suggesting this stability 

could span nearly 50 years (Jupp and Drew, 1974). The present study therefore provides an 

important baseline for kelp forests of the UK’s North Sea coastline. Evidence suggests that they 

are structured and function similarly to other L. hyperborea forests of the UK, and the baseline 

this study adds to provides support for the protection and management of these important 

ecosystems. 
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Chapter 3. Growth and productivity of kelp forests along a historically 

industrialised coastline  

 

3.1 Introduction 

 

Anthropogenic influences have become equally as influential as natural factors in shaping 

marine environments over the past 5,000 years (Bell and Walker, 2014). Human activities have 

altered biological communities on a global scale through processes such as the introduction of 

non-native species, exploitation of natural habitats for resources, and the modification of 

environmental factors that shape species distributions. Consequently, many habitats no longer 

resemble their natural, historical state (Hobbs, Higgs and Harris, 2009). While the exploitation 

of fossil fuels has increased greenhouses gasses globally (Malik, Lan and Lenzen, 2016), 

creating widespread negative impacts (Harfoot et al., 2018), it has also produced localised 

environmental challenges. Mining fossil fuels, such as coal, generates waste materials that 

significantly affect natural habitats in many regions through the introduction of pollutants 

(Leblanc et al., 2000; Li et al., 2014; Liu et al., 2021). These mining byproducts often contain 

elevated concentrations of naturally occurring elements that are toxic to life in high 

concentrations, especially aquatic life where such elements are naturally present in minimal 

amounts (de Almeida Rodrigues et al., 2022). Rising fossil fuel demand in the 20th century 

resulting in increased mining activity has exacerbated these issues, leading to significant waste 

management problems in many regions worldwide (Mudd, 2007). 

 

In the UK, coal mining was an incredibly important industry, fuelling the industrial revolution 

and serving as the primary energy source for electricity generation for decades (Durucan, 

Jozefowicz and Brenkley, 2010). In some regions, however, waste management presented a 

logistical challenge, and disposal into coastal habitats was the primary chosen solution due to 

its ease and low cost (Hydraulics Research Station, 1970; Alderton, 2012). Coal mines in 

northeast England were some of the most productive in the country, exploiting coal seams 

extending into the North Sea (Alderton, 2012; Cooper et al., 2017). The proximity of these 

mines to the coast made this method of waste disposal very convenient. The approach relied 

on natural erosion processes from tidal and storm action to remove disposed waste from 



41 
 

shores and disperse it throughout marine environments at the mercy of currents (Eagle et al., 

1979). This was considered to be a successful mode of waste removal for many decades, 

however, over time, increased demand for coal drove a major rise in waste outputs, with some 

mines depositing up to 2.5 million tonnes of waste annually onto shores (Eagle et al., 1979; 

Cooper et al., 2017) of which natural erosion processes could not keep up with. This practice 

led to the accumulation of extensive waste deposits on beaches, which smothered entire 

habitats and introduced significant quantities of heavy metals into coastal ecosystems (Eagle 

et al., 1979; Alderton, 2012), including copper, iron, lead, cadmium and many others that are 

toxic to marine life (de Almeida Rodrigues et al., 2022). This had negative effects on coastal 

ecosystems, including sandy and rocky intertidal habitats (Eagle et al., 1979; Hyslop et al., 

1997; Alderton, 2012), and subtidal kelp forests (Jones, 1972; Jones, 1973; Sheppard, 1976; 

Sheppard, Bellamy and Sheppard, 1980). Areas of intertidal habitat were completely 

smothered by coal waste (Figure 1.2), and although undocumented, would likely have led to 

their complete demise. Surviving neighbouring habitats experienced huge reductions in the 

abundance and diversity of taxa (Hyslop et al., 1997), as well as the absence of organisms 

normally characteristic to the habitat (Eagle et al., 1979). 

 

Temperate and sub-polar subtidal areas of rocky reef across the world are occupied by large 

canopy forming seaweeds that function as foundation species. Belonging to the order 

Laminariales, kelp form highly productive and ecologically important habitats. These kelp 

forests play an important role in structuring marine habitats, underpinning marine food webs 

(Dayton, 1985; Rassweiler et al., 2018) and supporting high levels of biodiversity (Johnson and 

Hart, 2001; Christie et al., 2003; Norderhaug et al., 2005; Teagle et al., 2018; Smale et al., 2022; 

King et al., 2022). Their physical structure provides direct ecological impacts through the 

modification of water flow (Connell, 2005; Pinsky, Guannel and Arkema, 2013) and the 

provision of refugia and feeding grounds for a wide range of organisms including 

macroinvertebrates and fish, some of which are commercially important (Earp et al., 2024; 

Jackson-Bue et al., 2023; King et al., 2021; Smale et al., 2022; Teagle et al., 2018). Kelp forests 

are also among some of the most productive coastal habitat types globally (Duarte et al., 

2013), acting as important carbon donors by transporting macroalgae derived carbon to 

sedimentary receiver habitats both nearby (Hill et al., 2015) as well as several hundreds of 

kilometres away (Hobday, 2000). Additionally, kelp forests also store a significant quantity of 
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carbon within their tissue at any one point in time (Hill et al., 2015). The quantity, however, is 

governed by the structure and spatial extent of forests, with larger, heavier individuals typically 

containing greater quantities of carbon (Smale and Moore, 2017). 

 

Along the wave exposed rocky coastline of the United Kingdom (UK) kelp forests are 

dominated by Laminaria hyperborea (Gunnerus) Foslie 1884, a stipitate kelp whose range 

extends from northern Portugal to northern Norway (Sjøtun et al., 1993; Pinho et al., 2016), 

forming dense stands at depths down to, typically, 15 to 20 m around much of the UK (Smith 

et al., 2022). Pioneering works by Kain and Jones (Kain and Jones, 1963; Kain, 1971; Kain and 

Jones, 1976) gave insights into the growth, reproduction and biology of L. hyperborea in the 

UK, although until around a decade ago our knowledge and understanding of the structure 

and function of kelp forest ecosystems lagged behind other leading scientific nations (Smale 

et al., 2013). Recent research has made a concerted effort to characterise the structure and 

function of L. hyperborea forests in the UK (Smale et al., 2016; Smale and Moore, 2017; Teagle 

et al., 2018; Bué et al., 2020; Smith et al., 2022; Smale et al., 2022; Jackson-Bue et al., 2023; 

Gouraguine et al., 2024; Earp et al., 2024), as well as to understand the effects of 

anthropogenic influences upon them (Smale et al., 2015; Smale and Vance, 2016; Arnold et 

al., 2016; Hargrave et al., 2017; Pessarrodona et al., 2018; Pessarrodona, Foggo and Smale, 

2019; Smale, 2020; Earp et al., 2024), however the effects of pollutants are still not well 

understood. Indeed, various studies have investigated the effects of pollutants on kelp 

(Contreras et al., 2007; Scherner, Bonomi Barufi and Horta, 2012; Leal et al., 2018; Oyarzo-

Miranda et al., 2020; Jara-Yáñez et al., 2021), however, very few of these have looked at the 

impacts on the structure and function of kelp forests (Oyarzo-Miranda et al., 2020), let alone 

the effects on that of Laminaria hyperborea forests. This study investigates the impact of 

historic coal mining waste disposal on the structure, growth and productivity of L. hyperborea 

forests. By drawing comparisons between sites impacted by mine waste disposal that were 

buried under spoil for multiple decades, and those that were unaffected, I intend to assess 

whether the legacy of coal mining waste continues to affect the structure and function of kelp 

forest habitats that contribute to wider ecosystem functioning in this region. Previous research 

has highlighted the negative impacts of the coal mining operations on marine habitats in this 

area, however, there has been little focus on the structure or functioning of kelp forest 
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habitats. This represents a significant gap in our knowledge of how this species responds to 

both historic and lingering present day environmental perturbations.  

 

3.2 Methods 

 

3.2.1 Study design and location 

 

To investigate the effect of historic mining pollution on kelp forest structure, growth and 

productivity, sampling was undertaken at 2 sites within each of 3 locations (Figure 3.1) along 

the northeast England coastline between October 2021 and August 2022. Locations were 

selected based on presence or absence of historic coal mining waste disposal, whereby 

locations A and C were heavily impacted throughout the active mining period between the 

1900s and 1990s and were buried under spoil for much of this period, and location B 

represented an area where no mining activity took place. All locations were fully exposed to 

wave action and had a dominance and abundance of L. hyperborea. An asymmetrical design 

was employed (with two impacted locations separated by one unimpacted location) as there 

were no locations both unaffected by historic mine waste disposal and with kelp present along 

the north Durham coastline. Sites within each location were separated by a distance of 

between 1 km and 3 km, and locations were separated by between 20 km and 50 km.  
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3.2.2 Kelp forest structure  

 

To investigate the structure of the kelp forest at each site, sampling took place during spring 

low tides at two time intervals: October 2021 (T1) and August 2022 (T2). During each sampling 

effort, ten replicate 1m2 quadrats were haphazardly placed within the kelp forest at between 

0 and 0.3 m below chart datum (BCD) and the density of canopy forming individuals was 

recorded. Ten replicate individuals from within the kelp forest were also haphazardly selected 

for the measurements of morphology and biomass. Whole individuals were collected by 

dislodging holdfasts from the substratum for the measurement of the following characteristics: 

a. b. 

Figure 3.1. Study area (a) showing the position of the two sites (1 and 2) within each of three sampling 
locations (A, B and C) (b). Sampling locations A and C represent areas impacted by mining waste, while B 
was unaffected. 
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stipe length (cm), blade length (cm), total length (cm) and total biomass (g fresh weight (FW)). 

Additionally, at T2 individuals had stipe biomass (g FW) and blade biomass (g FW) measured 

separately by cutting individuals at the blade/stipe junction. Individuals were also aged by 

counting annual growth rings on cross-sections of the stipe, as described by Kain and Jones 

(1976). 

 

Values of carbon standing stock were calculated following the methods of Smale et al. (2016). 

The relationship of fresh weight (FW) to dry weight (DW) of distal blade, basal blade and stipes 

was first calculated. The relationship between fresh weight (FW) and dry weight (DW) was 

investigated separately for basal blade, distal blade and stipe segments, since the relationship 

varies between segments and anatomical regions (Smale et al., 2016). For distal and basal 

blade FW:DW relationships, 10 blade samples were collected from mature canopy forming 

individuals each month from October 2021 to August 2022. Basal and distal segments of a 

single blade digit from each individual were weighed (FW), dried at 60°C for 48hrs, and 

reweighed (DW). The relationship between FW and DW at each site and month was then 

calculated using linear regressions. Given the impact of poor weather conditions on the 

regularity of sampling, FW:DW data was averaged for each site from samples collected in only 

May, June and August when sites were visited more consistently (Table S3.1). Average FW:DW 

values for distal and basal blade at each site were then averaged to give a FW:DW value for 

whole blades. For stipes, additional samples were collected in August 2024 from sites in 

location B (Figure 3.1) and were dried using the same method as described for blades. These 

values of whole blade and stipe FW:DW were then used to transform stipe and blade FW 

biomasses measured during T2 at each study site into DW values for whole plants. Whole plant 

DW values were then converted to carbon content based on previous research that suggests 

the carbon content of DW Laminaria hyperborea tissue to be approximately 30% (Smale et al., 

2016; Pessarrodona et al., 2018). Whole plant carbon content was then multiplied by the 

respective site density to give an estimate of carbon content per m-2 of kelp forest.  
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3.2.3 Biomass accumulation and loss 

 

The accumulation and loss of biomass in 10 haphazardly selected mature canopy forming kelp 

was measured monthly (or as close to monthly as possible taking into account accessibility – 

see table S3.1 for details) using a modified hole-punch method (Pessarradona et al. 2019). 

Using this method, selected kelp were individually tagged using a labelled cable tie covered in 

surgical tubing and a series of holes were punched into the blade at 5 cm (H1) and 10 cm (H2) 

from the meristematic junction, with an additional hole punched in an outer digit at 10 cm 

(H3) above the meristematic junction. H2 and H3 account for differences in growth rates 

between digits of an individual kelp (Kain and Jones, 1976). At the same time as hole-punching, 

the length of hole-punched digits were measured. After approximately 1 month, tagged 

individuals were retrieved and returned to the laboratory. The final length of hole-punched 

central (L1) and outer (L3) digits and the position of previously punched holes on central and 

outer digits were recorded. On average, 26 individuals were retrieved across all sites on each 

sampling occasion (Table S3.1). 

 

Elongation and erosion (cm) rates were initially calculated before conversion to biomass (g) 

gain and loss. For the conversion from cm to g, additional data was collected from sites in 

location B (Figure 3.1) during August 2024. In total, 20 individuals were collected from two 

sites (B1 and B2) and the entire width of the blades were sectioned into three 5 cm long 

segments from both distal and basal parts of the blade. Segments were cleaned of epiphytes, 

weighed, and the middle section of the 3 segments from both the distal and basal ends were 

dried at 60°C for 48hr. The relationship between dry weight (DW) and fresh weight (FW) was 

investigated using linear regression separately for basal and distal segments, since the 

relationship varies between segments (Smale et al., 2016). Relationships were all very strong, 

with R2 values of over 0.92 (Figure S3.1). The weights of the remaining two distal and basal 

segments from each individual were then estimated using the calculated relationship. The 

estimated and measured values of dry biomass were then averaged between the three 

segments and divided by their length (5 cm) to give a value for the dry biomass per unit length 

(g/cm) for each of the basal and distal areas of the kelp blade (Bbasal and Bdistal, respectively). 

Elongation and erosion rates (cm) of blade tissue could then be converted to accumulation and 

loss of biomass (g DW).  
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Biomass accumulation (BA) for each individual was calculated as: 

BA = E x Bbasal / d 

 

In which d is the number of days between tagging and retrieval, and E is the average blade 

elongation from the central and outer digits, calculated using the distance between the initial 

hole punch position and the final hole punch position, as follows: 

E = 0.5 x [(H1final – 5) + (H2final – 10)] + (H3final – 10) 

 

Biomass loss (BL) for each individual was calculated as: 

BL = M x Bdistal / d 

 

In which M is the average blade loss calculated using the difference between the initial length 

and final length of central (L1) and outer (L3) digits, taking into account respective digit 

elongation (e), as follows:  

M = 0.5 x [(L1initial + e)  – L1final] + [(L3initial + e) – L3final)] 

 

Additionally, biomass loss from kelp forests through whole plant dislodgement was quantified 

over the course of the study. At each study site, three replicate plots were established with 10 

canopy forming kelp in each plot. Each individual was tagged using a cable tie covered in 

surgical tubing. Plots were revisited after 11 months and tagged individuals were recounted. 

In order to calculate the biomass lost through dislodgement of whole plants (D) at each site, 

the following equation was used:  

D = (Dis x Den x DW) / T 

 

In which T is the number of tagged kelps in each plot (10), Dis is the number of dislodged 

individuals recorded, Den is the average density of the L. hyperborea forest surrounding the 

established dislodgement plots at each site, and DW is the average dry weight of individuals 
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at each site during the months of May, June and August (as used previously in the calculation 

of carbon standing stock). 

 

3.2.4 Statistical analysis 

 

Patterns of spatial variability in L. hyperborea forest structure (i.e. density and canopy biomass) 

and individual-level metrics (i.e. canopy former biomass, stipe length, blade length, total 

length and age) were analysed using univariate permutational analysis of variance 

(PERMANOVA) (Anderson, 2001). Three-way PERMANOVAs were used with the factors of 

pollution (fixed, 2 levels), site (random, 2 levels nested in non-polluted, 4 levels nested in 

polluted), time point (fixed, 2 levels) and their interactions. The distributions of morphological 

and density data were checked and conformity to normal distribution confirmed. Similarly, to 

analyse variation in biomass accumulation and loss through blade erosion a three-way 

univariate PERMANOVA was used with the levels of pollution (fixed, 2 levels), sites (random, 2 

levels nested in non-polluted, 4 levels nested in polluted), months (fixed, 9 levels) and their 

interactions as factors. Variation in carbon standing stock and biomass loss through whole 

plant dislodgement were analysed using two-way univariate PERMANOVAs, testing for 

differences between factors of pollution (fixed, two levels) and site (random, 2 levels nested in 

non-polluted, 4 levels nested in polluted). For each analysis, permutations (9,999 under a 

reduced model) were based on Euclidean distance similarity matrices. Where permutations 

were low (i.e. <100) p values derived from Monte Carlo simulations were used. PERMANOVAs 

are typically more robust to heterogeneous variations and non-normal distributions than 

traditional ANOVAs, however variation in dispersion between treatments can have an 

influence (Anderson, Gorley and Clarke, 2008). Therefore, investigations to determine whether 

within-group dispersion varied between levels of factors was carried out using permutational 

dispersion (PERMDISP) tests. Where significant variation was found, the significance threshold 

for PERMANOVA tests was reduced to p<0.01 (Earp et al., 2024; Leclerc et al., 2023), rather 

than p<0.05 which was used as the level of significance elsewhere. All statistical analyses were 

conducted, and model assumptions checked, in PRIMER 7 software (Clarke and Gorley, 2015) 

with the PERMANOVA add-on (Anderson, 2008). All figures were made in RStudio v 4.2.1 (R 

Core Team, 2022) using the package “ggplot2” (Wickham, 2016).  
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3.3 Results 

 

3.3.1 Kelp forest structure  

 

All study sites were dominated by Laminaria hyperborea with no other kelp species recorded 

in quadrats. Mean (± 1 SE) kelp length was highly variable between sites at T1 ranging from 

105 ± 5 cm (site B2) to 169 ± 10 cm (site A2). However, at T2 values were considerably more 

similar, ranging from 147 ± 7 cm (site B2) to 162 ± 6 cm (site A2) (Figure 3.2a). A similar pattern 

of less variation between sites at T2 was observed in both mean stipe and blade lengths (Figure 

3.2a). Stipe length ranged from 54 ± 4 (site B2) to 94 ± 9 cm (site C2) at T1 and from 72 ± 5 (site 

C2) to 89 ± 6 cm (site A2) at T2, and blade length ranged from 51 ± 2 (site B2) to 75 ± 3 (site 

A2) at T1 and from 69 ± 3 (site A1) to 77 ± 3 cm (site C2) at T2 (Figure 3.2a). 

 

Both mean (± 1 SE) individual kelp biomass and canopy biomass (per m-2) were also much more 

variable between sites at T1 than at T2 (Figure 3.2b-c). Individual biomass ranged from 619 ± 

90 (site B2) to 1093 ± 122 g ind-1. (site A2) at T1 and 686 ± 54 (site C2) to 1267 ± 68 g ind-1. 

(site C1) at T2, whilst canopy biomass ranged from 7.3 ± 1.1 (site B2) to 27.3 ± 1.6 kg m-2 (site 

B1) at T1 and from 13.1 ± 1.5 (site A1) to 17.2 ± 0.9 kg m-2 (site C1) at T2 (Figure 3.2b-c). Again, 

less variation between sites was measured in mean (± 1 SE) density at T2 than at T1, which 

ranged from 11.8 ± 1.1 (site B2) to 25.5 ± 2.1 ind. m-2 (site B1) at T1 and 13.6 ± 1.2 (site C1) to 

24.5 ± 2.5 (site C2) at T2 (Figure 3.2d). Mean age (± 1 SE) was expectedly greater across all sites 

at T2 than at T1 (Figure 3.2e). Site C2 consistently had the youngest kelp at 3.6 ± 0.2 years at 

T1 and 4.7 ± 0.2 years at T2, and had considerably less within-site variability at both T1 and T2 

compared to other sites. The oldest recorded individual was 9 years old (site A2). 

 

Whilst morphological measures were generally more variable at T1, values at T2 showed a 

general level of homogeneity across sites and levels of pollution. This was similarly observed 

in carbon standing stock values, which only varied by 341 g C m⁻² between the greatest and 

lowest site averages (Figure 3.3). Sites in polluted location C both displayed greater values of 

mean standing stock than other sites, with 1,321 ± 71 (C1) and 1,241 ± 99 g C m⁻² (C2), 

although polluted site A2 had a similar value to site C2 of 1,225 ± 115 g C m⁻². Among the non-
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polluted sites, site B2 had the greatest value of carbon standing stock at 1,167 ± 112 g C m⁻². 

Site B1 showed the lowest value across the study of 980 ± 118 g C m⁻², however this was not 

dissimilar to polluted site A1 which had 1,030 ± 121 g C m⁻² (Figure 3.3). 

 

Except for blade length, all measures varied significantly between sites nested in pollution by 

time (Table 3.1). Blade length, like all other measures, varied significantly between sites nested 

in pollution, however it was also significantly greater at T2 than at T1 (Table 3.1). Although 

significant differences over spatial and temporal scales were observed, there were no 

consistent patterns across sites, times or levels of pollution. Carbon standing stock (measured 

only at T2) did not vary significantly over any scales measured (Table 3.1).  
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Figure 3.2. Structure of Laminaria hyperborea forests at sites affected (locations A & C) and unaffected (location 
B) by historic coal mine waste disposal in northeast England. Bars represent mean values ± SE (n=10). Points 
represent raw data values. FW: Fresh Weight. Ind.: Individual. Site and locations can be seen in Figure 3.1. 
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3.3.2 Biomass accumulation and loss 

 

Rates of biomass accumulation and loss varied significantly over temporal and spatial scales, 

with a site nested in pollution by month interaction for both variables (Table 3.2). Across all 

sites, rates of biomass accumulation followed a general seasonal trend, with rates increasing 

steadily from October, and peaking between May and June before declining (Figure 3.4a). 

Among the polluted sites, A1 exhibited the highest rate of biomass accumulation, peaking at 

2.16 ± 0.16 g DW day-1 in May. This was almost double all other polluted sites (A2, C1 and C2) 

which had more modest peak values ranging between 1.00 ± 0.12 (C1, May) and 1.20 ± 0.17 g 

DW day-1 (A2, May). Generally, rates of biomass accumulation were lower at all sampled 

months in non-polluted sites than polluted sites, however this trend was not statistically 

significant. Whilst polluted sites showed higher peak biomass accumulation rates than non-

polluted sites, accumulation rates returned to similar levels post-peak, therefore, exhibiting 

much greater declines in biomass accumulation rates at polluted sites over non-polluted. By 

August, all sampled sites had returned to low rates of accumulation of between 0.25 ± 0.03 

Figure 3.3. Carbon standing stock of Laminaria hyperborea forests at sites in northeast England affected 
(locations A and C) and unaffected (location B) by historic coal mine waste disposal. Bars represent mean 
values ± SE. Ind.: Individual. Sites and locations can be seen in Figure 3.1. 
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and 0.10 ± 0.01 g DW day-1, aside from site C1 which remained relatively high at 0.67 ± 0.03 g 

DW day-1 (Figure 3.4a). 

 

Rates of biomass loss through erosion were generally more variable than rates of biomass 

accumulation (Figure 3.4a-b). Where sampled, rates of loss were generally low during the 

months of February and March, with most sampled sites increasing the rate of loss through 

April and June, before decreasing again between June and December (Figure 3.4b). Among the 

polluted sites, A1 showed the highest rate of biomass loss, peaking at 0.81 ± 0.04 g DW day-1 

in May (Figure 3.4b). This was substantially higher than other polluted sites, where peak values 

were lower and ranged from at 0.51 ± 0.09 (C1, May) to 0.35 ± 0.04 g DW day-1 (C2, May). 

Among non-polluted sites, the rate of biomass loss peaked at 0.37 ± 0.13 g DW day-1 in June 

at site B2, with similar values also measured at site B1. Peak biomass loss rates were observed 

between the months of April and June for all sites, coinciding with May cast, during which the 

growth collar containing old blade growth is shed. 

  

Values of annual biomass loss from whole plant dislodgement did not vary between sites or 

levels of pollution, although differences between sites nested in pollution did approach 

significance (p=0.054; Table 3.2). Whilst non-significant, there were some differences seen 

between sites. Among the polluted sites, A2 showed the highest value of biomass loss through 

dislodgement at 1959 ± 226 g C m⁻² yr⁻¹ (Figure 3.4c). This was considerably higher than other 

polluted sites, where values ranged from 1191 ± 229 (site C2) to 1409 ± 141 g C m⁻² yr⁻¹ at site 

C1. Non-polluted sites showed more modest values of biomass loss from dislodgement 

compared to polluted sites (Figure 3.4c). Site B2 lost 1369 ± 124 g C m⁻² yr⁻¹, which was similar 

to some of the higher values seen in polluted sites, while site B1 demonstrated the lowest 

overall loss from dislodgement of 941 ± 181 g C m⁻² yr⁻¹. 
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 Figure 3.4. Annual pattern of biomass accumulation (a), biomass loss through erosion (b) and 
biomass loss through whole plant dislodgement (c) occurring in Laminaria hyperborea forests at 
sites in northeast England affected (locations A and C) and unaffected (location B) by historic coal 
mine waste disposal. Points represent mean values ± SE. Dashed lines between points where data 
was not collected in consecutive months. Ind.: Individual. Sites and locations can be seen in 
Figure 3.1. 
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Table 3.1. Univariate permutational ANOVAs to test for variability in population and individual level kelp metrics 
between time points, levels of pollution and sites (nested in pollution). Models were run using 9,999 permutations 
based on similarity matrices derived from Euclidian distances, with ‘Time’ (where applicable) as a fixed factor, 
‘Pollution’ as a fixed factor and ‘Site’ as a random factor nested within ‘Pollution’. Significant values (p < 0.05) are 
indicated in bold. Significance values followed by a ‘†’ are derived from Monte Carlo Simulations due to the low 
number of unique permutations. p-values underlined indicate a significant result of PERMDISP tests and therefore a 
significance threshold reduction to p < 0.01. ‘-’ indicates the term was not included in the statistical model. 

Table 3.2. Univariate permutational ANOVAs to test for variability in biomass accumulation, biomass loss through erosion 
and biomass loss through whole plant dislodgement between months (where applicable), levels of pollution and sites 
(nested in pollution). Models were run using 9,999 permutations based on similarity matrices derived from Euclidian 
distances, with ‘Month’ as a fixed factor, ‘Pollution’ as a fixed factor and ‘Site’ as a random factor nested within 
‘Pollution’. Significant values (p < 0.05) are indicated in bold. Significance values followed by a ‘†’ are derived from Monte 
Carlo Simulations due to the low number of unique permutations, and p-values underlined indicate a significant result 
of PERMDISP tests and therefore a significance threshold reduction to p < 0.01. ‘-’ indicates the term was not included 
in the statistical model. 
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3.4 Discussion 

 

Kelp forests play an important role in habitat creation, biodiversity support and coastal carbon 

cycling, and have received increasing attention to understand their structure and function over 

the last two decades (Bekkby et al., 2014; de Bettignies et al., 2013; Earp et al., 2024; Harrold 

et al., 1988; Hill et al., 2015; Jackson-Bue et al., 2023; Krause-Jensen and Duarte, 2016; 

Krumhansl and Scheibling, 2012; Pérez-matus et al., 2007; Pinho et al., 2016; Smith et al., 2022; 

Zahn et al., 2016). While kelps importance is becoming ever more understood, the impact of 

anthropogenic stressors such as marine pollution are still understudied, particularly on the 

study species, Laminaria hyperborea. The results of this study show that while there were 

differences between sites, there was no evidence for the continued impact of historic coal 

waste disposal on kelp forest structure or functioning, suggesting these systems are relatively 

resilient, despite the major environmental perturbations these habitats experienced for nearly 

100 years.  

 

Chapter 2 gave the first up to date overview of the typical structure of kelp forests in this 

geographic region, showing that kelps typically reach lengths of around 235 cm, weigh 

approximately 1400 g per individual, and form dense stands of around 10 individuals per m2. 

Here, the structure of kelp forests was different, with kelp typically being shorter, younger and 

having lower biomass. Since individuals were smaller, this allows a greater number of 

individuals to occupy a given area and therefore densities measured here were greater than 

in the wider region (Chapter 2) as well as previous studies at similar latitudes (Smale et al., 

2016; Smith et al., 2022). While direct comparisons to the wider region show differences in 

kelp forest structure, comparisons made between polluted and non-polluted areas showed no 

consistent patterns or differences. Although no historic kelp forest surveys exist prior to, or 

during, the active disposal period (1899 to 1993), it is likely that the volume of waste disposed 

onto the coast would have caused significant habitat destruction (Figure 1.2). Studies 

conducted in habitats near to waste disposal locations provide evidence of habitat 

degradation, showing large reductions in species abundance and diversity in a range of 

habitats including rocky and sandy intertidal shores and subtidal soft sediment habitats (Eagle 

et al., 1979; Hyslop et al., 1997). Given the lack of significant variation between polluted and 

non-polluted locations studied here, these findings suggest that historic coal mining pollutants 
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have had limited long-term effects on the kelp themselves. Additionally, the similarities in kelp 

forest structure between these locations suggests substantial recovery has occurred since the 

cessation of mine waste disposal in 1993, or since the remediation work commencing in 1997 

on the Durham coast (location C) that removed much of the remaining mine waste. 

 

A similar lack of differences between polluted and non-polluted locations was found in 

measures of kelp productivity. Rates of biomass accumulation, loss and dislodgment varied 

significantly between sites, but this was likely natural variation driven by local scale differences 

in environmental conditions. In comparison to previous studies, rates of biomass accumulation 

observed here were broadly similar; however, natural variation across sites meant that some 

of the higher rates exceeded those recorded elsewhere (Pessarrodona, Foggo and Smale, 

2019). Rates of biomass loss, however, while generally lower than those demonstrated in 

previous studies, were elevated for a longer duration. Pessarrodona, Foggo and Smale (2019) 

showed loss rates to increase over the months of March and April before returning to almost 

zero in May, whereas findings here showed an increase in loss rates to last several months, 

increasing from April through June, with rates still elevated in August. In contrast to the 

comparatively lower rates of biomass loss, dislodgement was considerably greater here than 

measured previously (Pessarrodona et al., 2018). The biomass lost through the dislodgment 

of whole kelp individuals was on average twice as large as previous findings, with peak values 

over three times greater (Pessarrodona et al., 2018). This may be a consequence of the more 

open coast nature of this study compared to the previous work. Whilst biomass accumulation 

measures growth, biomass loss and dislodgement measure the quantity of biomass released 

from kelp forest habitats that can be transported to potential receiver habitats that act as 

carbon sinks (Duarte et al., 2013; Smale et al., 2022). These processes, along with the annual 

phenomenon of ‘May cast’ whereby old growth kelp blades are shed, are important pathways 

of potential carbon sequestration (Pessarrodona et al., 2018). Kelp tissues accumulate in deep 

coastal or offshore areas and have the potential to be locked away in sediments for long 

periods of time (Pedersen et al., 2020; Filbee-Dexter et al., 2024). However, the difficulties in 

monitoring these pathways make the quantification of carbon sequestration a difficult task. 
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Whilst there were differences in both kelp forest structure and productivity between the 

results here and those previously published, it is important to note that sampling took place 

at considerably shallower depths here than most previous studies. King et al. (2020) 

demonstrated productivity of the morphologically similar kelp species Laminaria digitata to 

be considerably greater than recorded both here and in previous studies of L. hyperborea. 

Whilst this could be inter-species variability, it could also be a function of the location each 

species occupies. Being an intertidal species, L. digitata occupies a higher energy environment 

than the subtidal L. hyperborea. Since previous studies on L. hyperborea productivity have 

focussed on kelp occupying depths of several metres (Smale et al., 2020), or those in more 

sheltered locations (Pessarrodona, Foggo and Smale, 2019), it is likely that the populations 

surveyed here experience a higher energy environment that may drive the observed 

differences in productivity. Likewise, studies focussing on L. hyperborea forest structure 

generally survey populations at depths greater than 2 metres, and therefore the differences 

observed between the findings here and previous studies could also be a function of the 

difference in depth. 

 

Although minimal effect of pollution were detected across this study, there were noteworthy 

differences observed at site C2. This site experienced one of the highest volumes of waste 

disposal into the coastal environment along this coastline, with over 2.5 million tonnes of 

waste per year being disposed at the mines peak output (Eagle et al., 1979). Although most 

morphological measurements at site C2 were consistent with those of the wider study, kelp 

here were consistently younger and exhibited greater densities than other sites. The age of 

kelp was also considerably less variable than at other sites, and the maximum age of kelp was 

lower than that of all other sites. These patterns suggest that, as described by Vásquez et al. 

(2000), increased pollution levels may reduce survivability and lead to younger populations.  

 

The metal pollutants driving the negative impacts described by Vásquez et al. (2000) have also 

been identified in high concentrations in mine wastes from this area (Eagle et al., 1979; 

Alderton, 2012). In particular, elevated levels of iron (Fe) which have been identified in 

macroalgae and molluscs from location C (Alderton, 2012), and extremely high levels of copper 

(Cu) that have been found in sediments at the same location (Eagle et al., 1979). L. hyperborea 
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is known to bioaccumulate metals (Schiener et al., 2015), and some kelp species accumulate 

pollutants in specific tissues, especially perennial species (Burger et al., 2007). While it is 

known that kelps can absorb these pollutants, their effect on kelp forest structure and 

functioning are not fully understood. Evidence suggests that harmful metals, such as Cu and 

Fe, can negatively impact habitat structure. For instance, in Chile, Lessonia trebaculata, 

exhibited a marked decline in abundance near pollution outflows, with increased 

reproduction, survival, and forest density observed at greater distances from pollution sources 

(Vásquez et al., 2000). Although the exact mechanism of this negative influence remains 

unclear, metal pollutants appear to impact early life stages more than adult individuals. 

Contreras et al. (2007) showed that Cu exposure significantly reduced spore release and spore 

settlement, and even low concentrations of Cu completely inhibited the formation of male and 

female gametophytes, completely disrupting development (Contreras et al., 2007), with 

potentially devastating effects on natural populations. Moreover, Cu can exacerbate other 

stressors such as ocean acidification and warming, making it a potentially serious threat to 

kelp forest structure and therefore negatively impact wider ecosystem functioning (Leal et al., 

2018). However, the impact of metal pollutants is likely species-specific (Huovinen, Leal and 

Gmez, 2010), and research on their effects on Laminaria hyperborea remains limited, 

highlighting an area that warrants further investigation. 

 

While species in the study area are known to accumulate high concentrations of potentially 

toxic metal pollutants, we lack knowledge on the bioavailability of these metals at the study 

sites. In addition to historical waste disposal, abandoned mines continue to pump 

groundwater, carrying excessive concentrations of various metal pollutants (Younger, 1993; 

Cooper et al., 2017). However, high concentrations may not cause negative effects if the 

pollutants are not in a bioavailable, or labile, form (Contreras et al., 2007). Additionally, some 

research suggests that the presence of nitrates can mitigate the rate of bioaccumulation and 

subsequent negative effects of metals including Cu (Huovinen, Leal and Gmez, 2010). Although 

pollutants are still being introduced into the environment today, their influx may be 

intermittent or varied, for example, greater volumes of groundwater would be pumped into 

coastal habitats during periods of heavier rainfall. Negative consequences may therefore only 

occur if pollutant releases coincide with critical periods, such as spore release or early 

developmental stages (Contreras et al., 2007; Huovinen, Leal and Gmez, 2010; Leal et al., 
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2018). Additionally, pollutants may disperse quickly in the marine environment, meaning 

significant impacts might only be measurable very close to the groundwater outflows, 

depending on the sensitivity of the species in question.  

 

In conclusion, this study provides valuable insights into the resilience of L. hyperborea forests 

along a historically industrialised coastline where coal mine waste disposal has, at least in the 

past, significantly shaped the marine environment. Despite the potential for long-term impacts 

from metal pollutants, the structural and functional integrity of kelp forests appears to have 

largely recovered to a level where they are comparable to nearby unaffected sites. Differences 

between polluted and non-polluted sites were minimal, with the exception of site C2, where 

altered morphological measures suggest the possibility of some lingering local stress. 

However, overall, the robustness of kelp in response to past pollution highlights their capacity 

to persist under the presence of some environmental stressors. Further research is required 

to understand the bioavailability of remaining pollutants at these polluted sites and their 

potential impacts on this species at different life stages. It is additionally important to 

understand their interactions with other stressors, such as warming and acidification. This will 

be crucial in assessing future risks to these important ecosystems as environmental pressures 

continue to evolve.  
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Chapter 4. Variability in macroinvertebrate assemblages associated with 

Laminaria hyperborea stipes and holdfasts along a historically industrialised 

coastline. 

 

4.1 Introduction 

 

Kelps are large canopy forming macroalgae that form highly productive and ecologically 

important marine ecosystems. Comprised of species within the order Laminariales, kelps are 

foundation species that are found along approximately 36% of global coastlines (Jayathilake 

and Costello, 2021). Kelp forests not only play an important role in structuring marine habitats, 

but they underpin food webs (Duarte and Cebrián, 1996; Elliott Smith and Fox, 2022) and 

support high levels of biodiversity (Leliaert et al., 2000; Steneck et al., 2002; Pérez-matus et 

al., 2007; Zahn et al., 2016; Bué et al., 2020; King et al., 2021; Smale et al., 2022; Jackson-Bue 

et al., 2023; Gouraguine et al., 2024). Whilst kelp forests also alter the ecological environment 

indirectly, through the attenuation of light, modifying water flow, and influencing nutrient 

cycling, kelp individuals themselves have a direct role in supporting diverse biological 

communities (Smith, 1996b; Anderson et al., 2005; Teagle et al., 2018; Bué et al., 2020). The 

physical structure of kelp serves as a refuge and provides substrate and feeding grounds for 

wide range of marine organisms, specifically, a diverse assemblage of macroinvertebrates that 

inhabit the holdfasts and, in some species, stipes of kelp individuals (Teagle et al., 2018; King 

et al., 2021). One species in particular, Laminaria hyperborea, has morphological features that 

strongly contribute to its ability to sustain diverse macroinvertebrate assemblages consisting 

of a large, structurally complex holdfast and a stipe covered in dense epiphytic algae (Teagle 

et al., 2018; King et al., 2021). 

 

L. hyperborea is a large stipitate kelp that is distributed across the northeast Atlantic, extending 

from northern Portugal to northern Norway, with its range reaching the Barents Sea and 

northwest Russia (Sjøtun et al., 1993; Schoschina, 1997; Müller et al., 2009). This species has 

a large, perennial holdfast which consists of numerous haptera (root-like structures) that act 

as an attachment structure, anchoring the kelp to the substrate, as well as providing a complex 

habitat for a range of species (Teagle et al., 2017). The holdfast itself can support more than 
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100 species and thousands of individuals (Christie et al., 2003), mostly consisting of 

macroinvertebrates such as annelids, crustaceans and echinoderms. Additionally, the 

epiphytes attached to the stipe add structural complexity and provides shelter and food for a 

high diversity and abundance of macroinvertebrates (King et al., 2021).  

 

Despite their ecological importance, the threats to kelp forests from a range of ecological 

stressors are increasing. Rising sea surface temperature (SST) has led to declines in kelp 

populations globally and are driving shifts in species distributions (Smale, 2020), with 

potentially cascading effects for the wider ecosystem through an alteration of kelp forest food 

webs (Smale et al., 2022). Within the range of L. hyperborea, a shift in species composition at 

the trailing range edge has been observed, with an increase in the relative abundance of the 

warm-water species L. ochroleuca (Smale et al., 2015). In other regions of the world rising SST 

has resulted in a transition from dense kelp forest to areas dominated by turf-forming algae 

(Krumhansl et al., 2016; Filbee-Dexter and Wernberg, 2018). In both cases, significantly lower 

biodiversity is supported and large shifts in the species composition of associated fauna have 

been recorded. Whilst these pressures are ever increasing and likely to worsen under future 

climate scenarios, there is still need for recognition of the lingering impacts of historical 

anthropogenic impacts, which may still be affecting kelp forest ecosystems many decades after 

the original impacts have ceased.  

 

One such example is the impact of historic coal mining in the United Kingdom (UK). During the 

industrial revolution and for most of the 20th century, coal mining was an important industry 

in the UK, providing a large proportion of the energy used in electricity generation (Durucan, 

Jozefowicz and Brenkley, 2010). In northeast England, coal seams extending to the North Sea 

coastline were heavily exploited, however, along with extremely large quantities of valuable 

coal were great volumes of waste material (Alderton, 2012). This waste provided a logistical 

challenge in terms of disposal, and since many mines were situated close to the coastline, it 

was deemed practical, at the time, for this waste to be disposed into coastal environments – a 

practice which continued at industrial scales for almost a century (Hydraulics Research Station, 

1970). The waste consisted mostly of coal spoil, which originated from mine washeries (where 

coal was separated from waste material through washing) and was made up of mostly 2-300 
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mm clasts of sediment-based waste material (Eagle et al., 1979) including materials with high 

concentrations of trace metals and toxic hydrocarbons (Alderton, 2012). The disposal of this 

waste had direct and severe negative effects on intertidal and subtidal communities (Edwards, 

1975; Johnson and Frid, 1995), smothering vast expanses of habitat and resulting in a 

maximum of only two species per shore height on intertidal rocky shores on the Durham coast 

(Hyslop et al., 1997). It was thought that natural erosion by the sea would remove the waste 

from the coastline, and that this process would be adequate to keep up with the rate of 

disposal. However, along just one stretch of coastline (~12 km) in Durham, UK, over 40 million 

tonnes of waste was tipped onto the shore from just four mines (Gutt et al., 1974; Cooper et 

al., 2017). The volume of waste generated and disposed onto shores rose with increased 

demand for coal and natural processes were unable to keep up with the rate of deposition. 

This resulted in waste material accumulating, resulting in severe progradation whereby the 

high tide line retreated seaward by up to 256 m in some areas of Durham (Hydraulics Research 

Station, 1970; Cooper et al., 2017), and a staggering 515 m in Northumberland where coal 

spoil was 10 m deep on some shores (Cooper et al., 2017). Upon the closure of mines and the 

cessation of waste tipping, accumulated waste was quickly eroded, and shorelines retreated 

at a rate of up to 20 m per year (Posford Duvivier, 1993). Throughout the nearly 100 year 

operating period of these mines, pollutant rich sediments were eroded from spoil heaps on 

the shores and dispersed throughout nearby coastal environments. 

 

While the physical impact of mine waste dumping on the northeast coastline of the UK was 

vast only a small number of studies have investigated its impact on marine species and 

habitats. For example, Sheppard, Bellamy and Sheppard (1980) demonstrated reduced faunal 

abundance and diversity as well as a shift in faunal composition in L. hyperborea holdfasts 

along gradients of heavy metal pollution on the Durham coast. Eagle et al. (1979) reported 

severe depletion of species in subtidal areas affected by waste disposal and the accumulation 

of waste but noted a small amount of recovery in areas where disposal had ceased many years 

prior and waste material had started to naturally disperse. In the intertidal, Hyslop et al. (1997) 

described severe negative impacts of mining waste on the abundance and diversity of 

macroinvertebrates and a reduction in the diversity of macroalgae. Six months post closure of 

the last operating mine on the Durham coast in 1993, subtidal infaunal communities showed 

some level of recovery, however sites surveyed further south where mines closed several years 
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earlier showed no recovery (Johnson and Frid, 1995). In summary, prior studies show negative 

effects on several marine habitats, however, since the closure of mines very few studies have 

been conducted to understand the current state of these marine habitats, and none have 

investigated the recovery of the directly impacted marine habitats following the shorelines 

being cleared up as part of the Turning the Tides Project. The aim of this study was, therefore, 

to investigate whether historic coal mining waste disposal still negatively impacts 

macroinvertebrate assemblages associated with L. hyperborea holdfasts and stipes 30 years 

since the cessation of mining by comparing kelp forest habitats at sites directly affected by 

historic mine waste disposal and those that were not. 

  

4.2 Methods 

 

4.2.1 Study design 

 

Collection of Laminaria hyperborea holdfasts and stipes took place at 2 sites in each of 3 

locations (Figure 4.1) along the northeast United Kingdom coastline during October 2021. Sites 

were chosen based on the presence of the dominant canopy forming kelp, Laminaria 

hyperborea, and by being areas either directly affected by coal mining waste disposal 

(locations A and C), where disposal occurred between the late 1890s and early 1990s and 

habitats were buried for decades, or sites unaffected by waste disposal (location B). Although 

the total volumes of waste disposed in each location are unavailable, rates of historic waste 

disposal in location A reached around 1.8 million tonnes per year, and in location B around 2.5 

million tonnes per year (Eagle et al., 1979). Sites within a location were separated by a distance 

of 1 to 3 km, and locations were separated by a distance of 20 to 50 km.  

 

At each site, five replicate holdfast and stipe samples were collected during spring low tides. 

Mature, canopy forming L. hyperborea individuals were haphazardly selected from the main 

kelp forest habitat at a depth of between 0 and 0.3 m below chart datum (BCD). The stipe of 

each individual was cut at 30 cm above the stipe holdfast junction. The remaining attached 

stipe was then immediately covered with a large cotton sample bag to stop mobile fauna 

escaping. The stipe was then cut at the stipe holdfast junction and the sample bag sealed. The 
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holdfast was then covered with another large cotton sample bag before prising the holdfast 

off the rock substrate and sealing the bag. Only individuals that had distinct holdfasts (i.e. none 

fused with other individuals) and were > 2 m from an already sampled individual were 

collected. Samples were placed in 70% industrial methylated spirit (IMS) until processing.  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

To process, each individual holdfast was placed into a 1 mm sieve and rinsed in freshwater to 

remove any loose macroinvertebrates. The holdfast volume was then quantified via 

displacement; entire holdfasts were wrapped in plastic cling film, submerged in water, and the 

volume of water displaced was recorded. Holdfasts were then returned to the 1 mm sieve and 

haptera were removed, opening up the holdfast to remove all macroinvertebrate fauna from 

within. The cleaned holdfast structure was then resubmerged in water and its displacement 

volume recorded. Each measure of volume was repeated 3 times per holdfast and the average 

a. b. 

Figure 4.1. Study area (a) showing the position of the two sites (1 and 2) within each of three sampling 
locations (A, B and C) (b). With locations A and C (green points) representing sites impacted by mining waste 
and location B (yellow points) not affected by mining waste. 
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value was used in further analyses. The volume of haptera was then subtracted from the total 

holdfast volume to give the volume of habitable space within each holdfast. Stipe samples 

were processed separately and were washed with freshwater in a 1 mm sieve to remove all 

macroinvertebrates. All macroinvertebrates from both holdfast and stipe samples were stored 

separately in 70% IMS and later identified to the highest possible taxonomic resolution (68% 

to species level) and enumerated. 

 

4.2.2 Statistical analysis 

 

Metrics of species richness, abundance, Shannon-Weiner diversity H’ index and Pielou’s 

evenness index J’ were calculated and their patterns of variation analysed using univariate 

permutational analysis of variance (PERMANOVA). A 2-factor design was employed with 

pollution (fixed factor, 2 levels: polluted, non-polluted) and site (random factor, 4 levels nested 

in polluted, 2 levels nested in non-polluted). Permutations (9,999 under a reduced model) 

were based on Euclidian distances generated from untransformed data. Where significant 

differences among individual factors were detected (p<0.05), pair-wise tests were conducted. 

Variation in the volume of holdfasts was also tested with the same design.  

 

Variability in assemblage structure was analysed using multivariate permutational analysis of 

variance (PERMANOVA). The same model design was used as for univariate tests, however 

permutations (9,999 under a reduced model) were based on a modified Gower similarity index 

(Anderson, Ellingsen and McArdle, 2006) constructed from square root transformed 

abundance data. Where significant differences among individual factors were detected 

(p<0.05), pair-wise tests were conducted. Where significant differences between groups 

within a factor were observed, a similarity of percentage procedure (SIMPER) was carried out 

to investigate which taxa contributed most to the observed dissimilarity. Patterns in 

multivariate assemblage structure of holdfast associated fauna were visualised using non-

metric multidimensional scaling (nMDS) plots. 
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Holdfast volume influences assemblage structure (Sheppard, Bellamy and Sheppard, 1980; 

Ojeda and Santelices, 1984; Smith, 1996a), since not only do larger holdfasts have a greater 

colonisable area, but they are also more structurally complex due to a greater number of 

haptera (Orland et al., 2016). For this reason, total holdfast volume, as well as the volume of 

habitable space, were considered as covariates in both uni- and multivariate analyses of 

holdfast associated fauna data. Due to high covariance between these factors (Figure S4.1), 

the total holdfast volume was chosen for analysis, as it is more comparable to previous studies 

(Christie et al., 2003; Teagle et al., 2018) and the method of measurement is less likely to 

introduce error. 

  

Prior to all PERMANOVA analysis, differences in within group dispersion for all model terms 

was analysed using the PERMDISP routine, and where significant differences were observed, 

the threshold of significance was reduced to a more conservative p<0.01 (Earp et al., 2024; 

Leclerc et al., 2023). All assumption checking, statistical analysis, and MDS figure creation was 

conducted using PRIMER 7 software (Clarke and Gorley, 2015) with the PERMANOVA+ add on 

(Anderson, 2008). All other figures were made in RStudio v 4.2.1 (R Core Team, 2022) using 

the “ggplot2” package (Wickham, 2016). 

 

4.3 Results 

 

In total, 7,594 individuals belonging to 125 taxa were identified. Holdfasts harboured a much 

greater number of individuals than stipes, with a total of 7,094 individuals found within 

holdfasts and 500 on stipes. Within holdfasts, the phylum Mollusca represented the most 

abundant group, with 2,868 individuals across 51 taxa, followed by Arthropoda (2,072 

individuals across 28 taxa, though over 85% of these individuals were from 2 taxa: Balanus 

crenatus and Verruca stroemia), and Annelida (1,573 individuals across 31 taxa). Annelida had 

a greater proportional abundance at non-polluted sites compared to polluted ones, whilst the 

opposite pattern was observed for Arthropoda (Figure 4.2a). The filter feeding Arthropoda 

Balanus crenatus and Verruca stroemia made up a minimum of 90% of Arthropoda abundance 

at polluted sites, yet a maximum of 57% at non-polluted sites (Figure 4.2a). On stipes, Mollusca 
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also represented the most abundant phylum (Figure 4.2b) (429 individuals across 8 taxa), 

followed by Arthropoda (66 individuals across 6 taxa). 

 

 

Abundance and diversity varied significantly across small scales, with significant site nested in 

pollution effects detected for nearly all measures in both stipes and holdfasts, while evenness 

only varied between sites nested in pollution in holdfasts (Table 4.1). Species richness in 

holdfasts also varied significantly amongst levels of pollution (Table 4.1), whereby non-

polluted sites showed much greater richness than polluted sites (Figure 4.3a). Although 

holdfast Shannon-Weiner diversity (H’) was greater at non-polluted sites (Figure 4.3c), and 

abundance was also higher with the exception of one polluted site (Figure 4.3b), these 

differences were not statistically significant (Table 4.1). Pielou’s evenness (J’) was only different 

between sites nested in location and this was only significant at location A (Figure 4.3d). In 

other locations, evenness was very similar between sites, with location C demonstrating the 

least even distribution of species abundances within holdfasts (Figure 4.3d). Holdfast volume 

was a significant covariate for both species richness and Shannon-Weiner diversity (H’), 

indicating a strong influence of habitat size on these measures (Table 4.1). Patterns of stipe 

Figure 4.2. Proportion of macroinvertebrate phyla associated with Laminaria hyperborea (a) holdfasts and (b) 
stipes. Sites and locations can be seen in Figure 4.1. Lack of data for stipe fauna at site C2 was due to no organisms 
being present on stipes. 
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associated abundance and diversity were considerably more variable than for holdfast fauna 

(Figure 4.4a-d). Additionally, aside from having a more even distribution of species abundances 

(Figure 4.4d), other measures of stipe associated diversity and abundance were generally 

much lower than those for holdfast fauna (Figure 4.4a-c). While no significant effect of 

pollution was found on any measures of abundance or diversity of stipe associated fauna 

(Table 4.1), polluted sites generally had greater stipe associated abundance and diversity than 

non-polluted sites. Conversely to this pattern, there was a complete absence of stipe-

associated macroinvertebrates at polluted site C2 (Figure 4.2). This corresponded with an 

observation of a total lack of epiphytic stipe algae, which provides habitat for 

macroinvertebrates (Christie et al., 2003). 

 

Multivariate analysis revealed that the assemblage structure of both holdfast and stipe-

associated fauna varied significantly across small scales, with significant site nested in pollution 

Figure 4.3. Univariate metrics of holdfast associated macroinvertebrate assemblages: (a) species richness, (b) 
abundance, (c) Shannon-Weiner diversity (H’) and (d) Pielou’s evenness (J’). Values represent means ± 1 SE. n=5. 
Sites and locations can be seen in Figure 4.1. 
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effects detected (Table 4.2). Non-metric MDS ordinations showed no clear patterns in stipe 

associated assemblage structure between sites or levels of pollution (Figure 4.6). In contrast, 

some partitioning of holdfast associated assemblage structure was observed between levels 

of pollution, and a clear pattern of greater holdfast volumes in non-polluted sites was 

demonstrated (Figure 4.5; Table S4.1; Figure S4.1, S4.2). Although PERMANOVA found no 

significant effect of pollution on assemblage structure for either stipes or holdfasts, holdfast 

volume had a significant effect on holdfast-associated assemblages (Table 4.2). These results 

suggest that whilst assemblage structure may not be directly affected by pollution, it may be 

indirectly influenced through reduced habitat size in polluted areas. On average, holdfast 

volumes were twice as large at non-polluted sites compared to polluted sites (Figure S4.2).  

 

 

Figure 4.4. Univariate metrics of stipe associated macroinvertebrate assemblages: (a) species richness, (b) 
abundance, (c) Shannon-Weiner diversity (H’) and (d) Pielou’s evenness (J’). Values represent means ± 1 SE. n=5. Sites 
and locations can be seen in Figure 4.1. 
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SIMPER analysis indicated that the observed differences in holdfast associated assemblage 

structure between sites were driven primarily by variations in the abundance of species 

including the sessile arthropod Verruca stroemia and the mollusc Modiolus modiolus (Figure 

4.7; Table S4.2). Non-polluted sites B1 and B2, though significantly different from each other, 

had a lower average dissimilarity than between polluted sites, with smaller contributions from 

the 5 taxa that contributed the most to the observed differences (Table S4.2). For stipe faunal 

assemblages, the mollusc Lacuna vincta was responsible for large contributions to the 

observed dissimilarity between most sites, with the mollusc Patella pellucida consistently the 

second largest contributor (Figure 4.8; Table S4.3). 

  

Figure 4.5. Non-metric MDS plot of holdfast associated macroinvertebrate assemblage structure 
of Laminaria hyperborea individuals at sites subjected to coal waste dispersal (Locations A & C) 
and sites not directly exposed to such pollution (Location B). Sites and locations can be seen in 
Figure 4.1. Point size indicates holdfast volume (ml). Data based on modified Gower similarity 
derived from square root transformed abundance data. Each point represents a single holdfast. 
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Figure 4.6. Non-metric MDS plot of stipe associated macroinvertebrate assemblage structure of 
Laminaria hyperborea individuals at sites subjected to coal waste dispersal (Locations A & C) and 
sites not directly exposed to such pollution (Location B). Sites and locations can be seen in Figure 
4.1. Data based on modified Gower similarity derived from square root transformed abundance 
data. Each point represents a single stipe. 

Table 4.1. Univariate PERMANOVA testing variation in holdfast and stipe associated macroinvertebrate 
faunal abundance and diversity metrics between levels of pollution and sites (nested in pollution). Holdfast 
volume was used as a covariate in tests of holdfast abundance and diversity metrics. Results indicated with 
‘ƚ’ are derived from Monte-Carlo simulations due to a low number of unique permutations. Significant 
results are indicated in bold. 
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Figure 4.7. Taxa contributing to the average dissimilarity between holdfast associated macroinvertebrate 
assemblages at sites subjected to coal waste dispersal (Locations A & C) and sites not directly exposed to such 
pollution (Location B) as determined by SIMPER analysis performed on square root transformed data. Bubble 
size indicates relative abundance of taxa at each site after standardisation by holdfast volume. Site locations can 
be seen in Figure 4.1. See Table S4.2 for full SIMPER tables. 

Table 4.2. Multivariate PERMANOVA testing variation in holdfast and stipe associated 
macroinvertebrate assemblage structure between levels of pollution and sites (nested in 
pollution). Holdfast volume was used as a covariate for comparisons of holdfast assemblage 
structure. Results indicated with ‘ƚ’ are derived from Monte-Carlo simulations due to a low 
number of unique permutations. Significant results are indicated in bold. 
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4.4 Discussion 

 

Kelp forests support high levels of biodiversity, with their stipes and holdfasts providing habitat 

for a diverse array of macroinvertebrate fauna (Teagle et al., 2017). The assemblages sampled 

in this study were, in some cases, diverse and highly abundant, representing typical Laminaria 

hyperborea habitats that have been described in previous research (Bué et al., 2020; Earp et 

al., 2024; Edwards, 1980; King et al., 2021; Leclerc et al., 2015; Sheppard, 1976; Sheppard et 

al., 1980; Teagle et al., 2018). This study identified individuals belonging to 125 distinct taxa. 

Holdfasts harboured considerably greater diversity and abundance than stipes, with an 

average of 22 taxa per holdfast and 3 per stipe. Although these values are lower than those 

observed in previous studies, the average number of taxa recorded per holdfast at non-

polluted sites (~35) is much more comparable to previous observations from both L. 

Figure 4.8. Taxa contributing to the average dissimilarity between stipe associated macroinvertebrate 
assemblages at sites subjected to coal waste dispersal (Locations A & C) and sites not directly exposed to such 
pollution (Location B) as determined by SIMPER analysis performed on square root transformed data. Bubble 
size indicates relative abundance of taxa at each site. No taxa were recorded at site C2. Sites and locations can 
be seen in Figure 4.1. See Table S4.3 for full SIMPER tables. 
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hyperborea (Sheppard, Bellamy and Sheppard, 1980; Christie et al., 2003; Teagle et al., 2018) 

and other kelp species globally (Macrocystis pyrifera: Ojeda and Santelices, 1984; Ecklonia 

radiata: Smith, 1996b).  

 

The study wide average of 3 taxa per stipe, however, was considerably lower than previous 

studies on this species, where on average 10-15 taxa have been observed (Norderhaug et al., 

2012; King et al., 2021). A key feature of L. hyperborea stipes is a dense covering of epiphytic 

algae which is known to provide habitat and food for a range of macroinvertebrates. Indeed, 

the abundance of macroinvertebrates is positively correlated with epiphytic biomass (Christie 

et al., 2003). Across all sites, stipe epiphyte load was generally low. This in part, could be a 

function of high levels of turbidity in nearshore habitats along this stretch of coastline, but also 

sampling depth. Most previous studies on L. hyperborea associated fauna investigate kelp 

sampled at several metres below chart datum (BCD), whereas samples here were collected 

much shallower at 0-0.3 m BCD, making comparisons difficult. Other studies have, however, 

shown that red algal epiphytes are less diverse and abundant in shallower waters and on 

younger kelp (Whittick, 1983), likely a result of increased desiccation stress in kelp exposed to 

air at low water, as was the case in this study. Due to the direct provision of habitat structure 

by algal epiphytes (Christie et al., 2003), this is likely to have negative effects on the abundance 

and diversity of macroinvertebrate taxa found on stipes and could be responsible for the lower 

numbers recorded here. It is also noteworthy that no macroinvertebrate fauna were found on 

the stipes of kelps sampled at site C2, likely because of the complete absence of epiphytes. 

This site was where Easington Colliery mine waste was disposed and is one of the most heavily 

impacted sites in this geographical area in terms of the volume of mine waste tipped onto the 

coast and the duration of active disposal (Alderton, 2012). The absence of kelp associated 

epiphytic algae in areas of high pollution has been documented previously (Jara-Yáñez et al., 

2021). Many brown algae species, including kelp, have developed mechanisms to tolerate 

heavy metal contamination. One such mechanism involves the production of mucilage to 

chelate and expel metals from their tissues (Huovinen, Leal and Gmez, 2010). This process 

results in high pollutant concentrations on the tissue surfaces, and on kelp stipes this can 

inhibit the settlement of epiphytic algae (Contreras et al., 2007; Oyarzo-Miranda et al., 2020).  
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Whilst there was significant between-site variability in the assemblage structure, diversity and 

abundance of both stipe and holdfast associated fauna, the predicted anthropogenic driven 

difference in these measures between polluted and non-polluted areas was not observed in 

stipe associated fauna. In holdfasts, however, pollution had a significant negative effect on 

species richness and there was a tendency towards reduced diversity and abundance. There 

was also some partitioning of assemblages with pollution, although this was not significant. 

This partitioning was driven by a clear difference in holdfast volume, where holdfasts were 

larger at non-polluted sites. Whilst the effect of holdfast volume has been shown numerous 

times in previous studies for L. hyperborea (Sheppard, Bellamy and Sheppard, 1980; Christie 

et al., 2003), the pattern of smaller holdfasts in polluted areas has not been previously 

reported for this species. 

 

In general, larger holdfasts support greater levels of biodiversity (Sheppard, Bellamy and 

Sheppard, 1980; Smith, 1996a; Christie et al., 2003; Anderson et al., 2005; Teagle et al., 2018), 

although this relationship may vary in certain situations, such as in very old, large holdfasts 

where encrusting species can be highly abundant and take up space for other organisms to 

occupy (Anderson et al., 2005). This relationship is not only attributed to the ability of larger 

holdfasts to harbour more individuals due to greater habitat size, but also to the increased 

structural complexity they offer (Orland et al., 2016). The greater number of haptera creates 

more interstices and niches for a wider range of macroinvertebrate fauna to inhabit. Although 

it’s not fully understood what drives holdfast size, aside from age, kelp morphology is strongly 

influenced by hydrodynamic forces (Harrold, Watanabe and Lisin, 1988; Sjøtun, Fredriksen and 

Rueness, 1998; Pedersen et al., 2012; Bekkby et al., 2014) and these forces may also play a 

role in generating larger (and possibly stronger) attachment structures. Consequently, we 

would expect to see larger holdfasts with greater volumes in areas that are more exposed to 

wave action (Sjøtun and Fredriksen, 1995). This is unlikely to be the case here, since sites in 

this study are situated along a stretch of open coastline and are likely to experience very similar 

levels of wave exposure. Therefore, it is probable that other factors are driving the observed 

differences in holdfast volumes between polluted and non-polluted areas. 
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A potential driver of the patterns observed could be a result of the large quantities of toxic 

heavy metals released into the environment, alongside the high volumes of sediment. These 

heavy metals included copper, zinc and lead that can be highly toxic to many aquatic organisms 

(de Almeida Rodrigues et al., 2022) with these chemicals known to bioaccumulate in kelp 

(Burger et al., 2007; Evans and Edwards, 2011). The impacts of these pollutants on kelp growth 

and development have been investigated with varying results (Hopkin and Kain, 1978; 

Contreras et al., 2007; Jara-Yáñez et al., 2021). However, studies rarely incorporate the effect 

of pollutants on holdfast size, weight or volume. Where they do, studies have shown short 

term exposure of the early life stages of Macrocystis pyrifera to heavy metal pollutants 

resulted in negative effects on the growth of holdfasts throughout their lifetime, even when 

returned to normal environmental conditions (Jara-Yáñez et al., 2021). While this has not been 

tested in L. hyperborea, it could provide a potential mechanism for the observations made 

here. 

 

As well as the negative effects of heavy metal pollutants, it is likely that the volumes of 

sediment-based waste disposed into these areas had negative impacts through increased 

turbidity (Moore, 1972). It was noted that sites previously affected by mine waste were much 

more turbid than those that were unaffected (pers. obs.). This observation was most obvious 

during summer months when suspended matter is generally at its lowest (Wilson and Heath, 

2019), yet at affected sites turbidity remained high. Mine waste at polluted sites is continually 

eroding from the shoreline (Figure 1.4) likely contributing to the turbidity patterns observed. 

Previous research has highlighted shifts in faunal assemblages from less turbid to more turbid 

areas, where higher proportions of filter and deposit feeding amphipods such as 

Monocorophium sextonae and Tritaeta gibbosa were found at more turbid sites (Moore, 1973; 

Teagle et al., 2018) likely a result of increased levels of suspended organic matter. One study 

along the North Sea coastline of the UK reported a reduction in species richness and diversity 

with an increase in turbidity, along with a subsequent increase in the proportion of suspension 

feeders (Sheppard, Bellamy and Sheppard, 1980). Similarly, we observed a significant increase 

in species richness in holdfasts from polluted to unpolluted sites, as well as greater diversity 

at all sites and greater abundance at all but one site. We also observed considerably greater 

abundances of filter feeding Arthropods including Verruca stroemia and Balanus crenatus at 

polluted sites, aligning with the findings of previous studies (Moore, 1973; Sheppard, Bellamy 
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and Sheppard, 1980; Teagle et al., 2018). Holdfasts also act as sediment traps, with more 

structurally complex holdfasts, with a greater number of haptera, trapping larger volumes of 

sediment (Moore, 1973). Whilst this can be beneficial to some taxa through food provision 

(Smith, 1996b), high sediment loads can also lead to smothering and scouring of holdfasts. 

While it is possible that differences in turbidity between sites played a part in the variability of 

holdfast associated assemblages, it is difficult to attribute the observed differences to this 

without in-situ measurements of turbidity or holdfast sediment content. Given that 

anthropogenic influences such as historical mining or present-day dredging activities can 

influence sedimentation rates and turbidity, which can both have negative effects on kelp 

forest macroinvertebrate communities, these factors should be considered important and 

warrant inclusion in future investigations.  

 

This study showed that although there is natural variation occurring across small scales, there 

is still evidence of the impact of historical coal mine waste disposal. Although the effects of 

pollution were not consistently observed across stipes and holdfasts, or for all of the response 

variables measured, there was a clear pattern of increased holdfast size at non-polluted sites 

which corresponded with increased macrofaunal richness and abundance. These results are 

novel and warrant further study to determine the mechanisms underpinning this observation. 

While there was no effect of historic mine waste on stipe associated fauna it is worth noting 

that at the most impacted site that kelp associated epiphytes were absent suggesting that 

extreme pollution or sediment loading may completely disrupt stipe-associated habitats, 

though further investigation is required to confirm this. 

 

In terms of faunal abundance, over 590 macroinvertebrate individuals were recorded on one 

kelp, however, values were more typically in the range of 200-300 individuals per kelp. Given 

that kelp densities at these sites average 15 individuals per square meter (Chapter 3), scaling 

these macroinvertebrate abundances would suggest the presence of several thousand 

individuals per square meter of kelp forest. With kelp forest habitat along the UK coastline 

predicted to cover an area of approximately 15,984 km² (Yesson et al., 2015), this underscores 

their significant contribution to biodiversity. Furthermore, it suggests that the fauna associated 



79 
 

with kelp holdfasts and stipes are likely to play an important role in trophic processes and 

contribute significantly to ecosystem functioning. 

 

In conclusion, the findings underscore the complex interactions between natural variability 

and anthropogenic impacts that act as drivers in structuring kelp forest ecosystems. The 

observation of smaller holdfasts in polluted areas highlights a potential pathway through 

which pollution may alter kelp-associated biodiversity, particularly in heavily impacted coastal 

regions. This study contributes to a growing body of literature that emphasizes the importance 

of habitat structure in supporting marine biodiversity. Future research should explore how 

pollution, especially from heavy metals and sedimentation, interacts with other environmental 

factors to shape kelp forest communities over broader spatial and temporal scales. 

Understanding these dynamics is essential for the conservation and management of kelp 

forests, which are critical to sustaining the biodiversity and functioning of coastal ecosystems 

worldwide. 
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Chapter 5. Patterns in Laminaria hyperborea bacterial microbiome 

community structure across a range of spatial scales along a historically 

industrialised coastline. 

 

5.1 Introduction 

 

Kelps are a group of large, canopy forming macroalgae belonging to the order Laminariales. 

They are foundation species distributed along ~36% of global coastlines (Jayathilake and 

Costello, 2021) and are ecologically and commercially important (Krumhansl et al., 2016). As 

dense stands on rocky coasts they form forests that provide habitats for diverse communities 

including invertebrates (Zahn et al., 2016; King et al., 2021), algae (Leliaert et al., 2000), fish 

(Pérez-matus et al., 2007; Jackson-Bue et al., 2023) and mammals (Steneck et al., 2002). They 

also provide a critical source of energy to marine and terrestrial food webs (Duarte and 

Cebrián, 1996; Elliott Smith and Fox, 2022) and provide a range of ecosystem services including 

food provision, nutrient cycling and coastal defence (Connell, 2005; Pinsky, Guannel and 

Arkema, 2013; Pfister, Altabet and Weigel, 2019). They are, however, impacted by stressors 

over a range of spatial scales leading to regional-scale losses in some parts of the world 

(Krumhansl et al., 2016). For example, global stressors, such as climate change have negatively 

affected kelp forests from individuals to communities (Smale, 2020), while local to regional 

stressors such as eutrophication, pollution, over-grazing and invasive species have resulted in 

a decline in kelp forest extent and in many cases a shift towards systems dominated by turf-

forming algae (Filbee-Dexter and Wernberg, 2018). 

 

In the UK, kelp forests are considered to be in a good ecological state. They are generally 

located at the centre of their distributional range where they are least affected by 

environmental stressors (Smale et al., 2013),  and are largely unaffected by anthropogenic 

pressures. For these reasons, there is no evidence of large-scale losses of UK kelp forests 

(Wilding et al., 2023). There are, however, some small-scale examples of kelp forest decline. 

For example, on the Durham coastline coal mining waste disposal practices led to the loss of 

intertidal and subtidal biodiversity, (Eagle et al., 1979; Johnson and Frid, 1995; Hyslop et al., 

1997), including some areas of kelp forest through the smothering of these habitats by coal 
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spoil. Historically in the UK, coal mining was an important industry, fuelling the industrial 

revolution and acting as the primary source of the worlds energy until the late 1960s (Durucan, 

Jozefowicz and Brenkley, 2010). In the northeast of England, intense exploitation of coal seams 

that ran into the North Sea led to the logistical issue of where to dispose of coal mining waste 

(Alderton, 2012). The easiest and cheapest solution for the disposal of waste material was 

directly onto shores near mining sites. This practice took place for almost 100 years, during 

which time approximately 5 million tonnes of coal spoil was tipped onto the Durham coastline 

per year (Gutt et al., 1974), including 2.5 million tonnes tipped in just one year from a single 

mine during the 1980s (Eagle et al., 1979; Cooper et al., 2017). It is estimated that a total in 

excess of 40 million tonnes was deposited along this coastline by 1970 (Hydraulics Research 

Station, 1970). This resulted in coastal habitats being smothered by waste containing 

considerable quantities of harmful trace metals and toxic hydrocarbons (Johnson and Frid, 

1995; Alderton, 2012). Waste material from terrestrial spoil tips in the same geographic area 

have been found to contain elevated levels of metals including iron, copper, lead, zinc, 

cadmium and mercury, as well as other environmentally harmful minerals and compounds 

(Palumbo-Roe and Colman, 2010). Although unrecorded, it is very likely that coal spoil 

deposited in coastal areas contained similarly harmful materials that would have leached out 

into the surrounding marine environment. This in turn had negative impacts on the 

surrounding habitats, leading to the elimination of many species (Jones and Ellis, 1976; Ellis 

and Hoover, 1990), destabilisation of sediments resulting in a loss of infaunal assemblages (Ellis 

and Hoover, 1990; Hyslop et al., 1997), and a reduction of macroalgal richness by 

approximately 48% on rocky intertidal shores (Hyslop et al., 1997). Some of the worst affected 

areas were remediated between 1997 and 2003 as part of the ‘Turning The Tide’ 

(www.turning-the-tide.org.uk) project which removed 1.3 million tonnes of waste from the 

coast, the process of which has led to the designation of parts of the coastal stretch from 

Seaham Beach to Hartlepool as a Site of Special Scientific Interest (SSSI), a Special Protected 

Area (SPA), a Special Area of Conservation (SAC) and a Ramsar site. While these sites are barely 

recognisable, following the removal of mine waste (Figure 5.1; Figure 1.2), the evidence of 

their industrial past is still very much evident (Figure 1.4). Although there has been extensive 

ecological recovery along this coastline, it is unclear whether these coastal systems have fully 

recovered compared to areas that were not directly affected by colliery waste. 
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Whilst the macro-diversity associated with kelp forest habitats is well understood, an often-

overlooked aspect of the overall biodiversity that kelp forests support is the bacterial 

microbiome. Kelp-associated microbes can directly benefit plant fitness through the supply of 

nutrients and CO2 (Abraham and Rohde, 2014), providing defence against diseases (reviewed 

by Singh and Reddy, 2016) and possibly facilitating the transfer of organic matter in the form 

of kelp-derived carbon to higher trophic levels (Newell, Field and Griffiths, 1982). However, the 

structure of kelp-associated microbial assemblages can be altered when kelp-hosts are 

exposed to stressful conditions (Newell, Field and Griffiths, 1982; Paix et al., 2021), such as 

increased temperature leading to alterations to the functions that the microbiome provides to 

the kelp (Minich et al., 2018). Although not well studied, recent research indicates that 

exposure to heavy metals, such as those contained in mining wastes, can alter the kelp 

microbiome and therefore potentially impact the functioning of kelp forest ecosystems (Paix 

et al., 2021). Consequently, our understanding of the factors underlying the health and 

functioning of kelp forests requires further research into the ecology of microbes and their 

interactions with macroalgal hosts when exposed to a variety of stressors. 

 

In the northeast Atlantic, subtidal rocky reefs on exposed coastlines are dominated by the 

stipitate kelp Laminaria hyperborea (Gunnerus) Foslie, 1884. Its distribution extends from 

northern Portugal, at its equatorward range edge, to northern Norway and northwest Russia 

Figure 5.1. Before (1992) (A) and after (2010) (B) the ‘Turning The Tide’ project undertook remediation of coal 
mining waste on the foreshore at Easington, County Durham, UK (site C2 – Site locations can be seen in Figure 
5.2). (Image A: Durham Heritage Coast. Image B: Durham Heritage Coast/Credit Mike Smith) 
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at its poleward range edge (Sjøtun et al., 1993; Schoschina, 1997; Müller et al., 2009). 

Individuals have been recorded to live up to 18 years, however previous studies at our 

sampling sites indicate the kelp occupying these areas are generally between 4 and 6 years 

old, up to a maximum sampled age of 9 years old (Chapter 3). The basic anatomy of L. 

hyperborea consists of a holdfast, stipe and blade. The holdfast is an attachment structure and 

is perennial, persisting for several years. The stipe holds the photosynthetic blade towards the 

light and is also perennial, but its epicortex is shed annually to allow for growth and girth 

extension (Dieck, 1992). Finally, the blade is an annual structure that erodes from the distal 

end continuously throughout the year with new blade material growing from the meristematic 

junction between the blade and the stipe during late winter into spring (Kain and Jones, 1976). 

This anatomy and growth strategy creates a gradient of tissue ages. From the microbiome 

point of view, it has been shown that this leads to different successional trajectories across the 

kelp resulting in variation in the microbial assemblage structure across a single individual 

(Lemay et al., 2021). This, therefore, creates an ideal system for investigating how microbial 

structure varies across perennial versus annual tissues and against a background of historic 

mining pollution. Using 16s rDNA bacterial sequencing, this study aims to gain an 

understanding of the effects of historic pollution on the diversity and assemblage structure of 

the kelp-associated bacterial microbiome and determine whether microbial structuring takes 

place over a gradient of tissue ages. 

 

5.2 Methods 

 

5.2.1 Sampling 

 

Sampling took place at 2 sites within each of 3 locations (Figure 5.2) along the northeast 

England coastline during August 2022. Locations were chosen based on areas of coal mining 

waste disposal activity, with locations A and C having been heavily polluted between the early 

1900s and early 1990s and buried under spoil for much of this time, and location B 

representing an area where no waste disposal took place. An asymmetrical design was 

employed (with two impacted and one unimpacted location) as there were no locations both 

unaffected by historic mine waste disposal and with the presence of kelp along the north 
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Durham coastline. Within each of the locations, two sites were chosen, ensuring there was 

dense forests of the dominant canopy forming kelp, L. hyperborea. Sites within a location were 

separated by a distance of between 1 km and 3 km, with locations separated by a distance of 

between 20 km and 50 km. Five mature canopy forming individuals of L. hyperborea were 

selected at random from each site at a depth of approximately 0-0.3 m below chart datum 

(BCD) during spring low tides. Individuals were collected at a minimum distance of 2 m from 

each other within a continuous patch of kelp forest.  

 

A sterile sample bag was placed over the blades of each individual in situ. A cut was made 

below the stipe meristem junction, separating the blades from the stipe. The stipe was then 

removed by cutting above the holdfast stipe junction and discarded. A further sample bag was 

placed over the holdfast prior to the holdfast being dislodged from the substrate. Sample bags 

containing holdfasts and blades were returned to the shore, where they were washed with 

a. b. 

Figure 5.2. Study area (a) showing the position of the two sites (1 and 2) within each of three 
sampling locations (A, B and C) (b). With A and C representing sites impacted by mining waste 
disposal and site C not affected by mining waste disposal   
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sterile sea water to remove seawater DNA contamination and then swabbed with a sterile 

cotton swab. Swabbing took place over an area of 25 cm2 for a period of 30 seconds, occurring 

above the meristematic tissue area for blade samples and along clean fully formed haptera for 

holdfast samples.  

 

Environmental controls were also taken at each study site to distinguish between bacteria 

found in the environment and those of the kelp microbiome. From each patch of kelp forest, 

rock controls were collected in which five rocks roughly 10 – 15 cm in diameter with biofilm 

growth but no macroalgal growth were collected from within the kelp forest and swabbed 

using the same protocol as the blade and holdfast samples. Additionally, seawater controls 

were taken by collecting five replicate 250ml samples of seawater from each site in a sterile 

sample pot. These were subsequently filtered through a 0.22 µm syringe filter. Syringe filter 

elements and cotton swab heads were then removed and placed into 1.5 ml Eppendorf tubes 

to be stored at -80°C. DNA was extracted using Qiagen DNeasy PowerSoil kits following 

manufacturer’s instructions. Library preparation and sequencing (MiSeq, Illumina, San Diega, 

CA, USA) of the V4 region of the 16s rDNA gene were carried out following the optimised 

protocol of Kozich et al. (2013). Sequencing used the primer pair 515f—

GTGCCAGCMGCCGCGGTAA and 806r—GGACTACHVHHHTWTCTAAT to give broad bacterial 

coverage and was conducted by StarSEQ (StarSEQ GmbH, Mainz, DE). At least one negative 

PCR control was run on each plate, and demonstrated runs were free from contamination. 

 

5.2.2 Sequence processing 

 

Sequence processing was carried out in R (RStudio Team, 2022). Paired end reads were 

processed following the BIOCONDUCTOR workflow (Callahan et al., 2016) and the 

“filterAndTrim” function in DADA2 was used for trimming and truncating sequences to remove 

primers and low-quality reads using the following parameters: truncLen, f = 240, r = 160; 

truncQ = 2; trimLeft, f = 20, r = 19. Reads were then clustered into amplicon sequence variants 

(ASVs) using DADA2. Chimeric sequences were removed in DADA2 using the 

“removeBimeraDenovo” function. The resulting bacterial ASVs were assigned taxonomy using 
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the SILVA 132 database (Quast et al., 2013) against the RDP naïve Bayesian classifier using the 

“assignTaxonomy” function in DADA2. 

 

The R package “PHYLOSEQ” was then used to assemble sequence read counts, taxonomic 

assignments and metadata into an object to be used in further downstream analysis 

(McMurdie and Holmes, 2013). Samples containing <10,000 reads, taxa contributing <0.01% 

of the reads in the dataset and ASVs identified as mitochondria or chloroplast were then 

removed from the PHYLOSEQ object. Sequence counts were expressed as relative abundance 

(in proportion to total sample count). 

 

5.2.3 Statistical analysis 

 

The “rarefy_even_depth” function in “PHYLOSEQ” was used to rarefy the minimum sample 

depth of the dataset in order to account for differences in sequence depth between samples 

in alpha diversity estimates. For each sample, alpha diversity was then estimated using the 

Chao1 index (Chao, 1984) and Shannon-Weiner diversity index using the “estimate_richness” 

function in “PHYLOSEQ”. All further statistical analysis was carried out on PRIMER (Clarke and 

Gorley, 2015). 

 

Analyses were conducted on the full and core microbiome, with the core microbiome defined 

as comprising taxa present in at least 95% of samples, based on thresholds established in 

previous studies of the kelp microbiome (King et al., 2022). This threshold is commonly used 

to identify consistently associated microbial taxa that are likely to play important and 

functional roles in host biology. Each tissue type was analysed separately, and relative sample 

abundance thresholds were set at 0.1%. Core assemblages were based at the ASV level and 

compositional datasets were used in their determination. Variation in the diversity of both the 

full and core microbiome were compared using three-way nested permutational univariate 

analysis of variance (PERMANOVA) using the model factors of tissue (fixed factor, 4 levels: rock, 

holdfast, blade, water), pollution (fixed factor, 2 levels: polluted, non-polluted) and site 

(random factor, 4 levels nested in polluted, 2 levels nested in non-polluted). For each analysis, 
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permutations (9,999 under a reduced model) were based on Euclidean distance similarity 

matrices derived from untransformed data. Where the number of permutations was low (i.e. 

<100) p values derived from Monte Carlo simulations were used. Where significant differences 

were detected, pairwise Post-Hoc tests were carried out to identify where these differences 

lay. 

 

Variation in assemblage structure of both the full and core microbiome was analysed using 

permutational multivariate analysis of variance (PERMANOVA) (Anderson, 2001) using the 

same statistical model and parameters described above. The homogeneity of within-group 

multivariate dispersion was tested using PERMDISP, and where significant variation was 

detected, significance thresholds for the specific factors was set at p<0.01 (as opposed to 

p<0.05, as used for all other analyses) (Leclerc et al., 2023; Earp et al., 2024). A similarity of 

percentages procedure (SIMPER) was carried out to identify the taxa that contributed the most 

to the observed dissimilarities.  

 

5.3 Results 

 

Sequencing of the V4 region of the 16s rDNA gene produced a total paired-end read count of 

3,775,806, with an average coverage of 31,465 reads per sample. Subsequent filtering of these 

resulted in a total of 6,521 bacterial ASVs for use in downstream analysis. This included ASVs 

from 36 phyla, 84 classes, 194 orders and 273 families. The taxonomy of 58.6% of ASVs was 

not resolved down to the genus level, and 28.3% not resolved to family level, although 35% of 

bacterial abundance was made up of only eleven genera within five families. Almost 92% of 

bacterial abundance was made up of just 6 classes, Alphaproteobaceria (27.4%), 

Gammaproteobacteria (21.6%), Bacteroidia (20.4%), Planctomycetacia (13.2%), Acidimicrobiia 

(4.6%) and Verrucomicrobiae (4.2%) (Figure 5.3). Small differences aside, the relative 

abundance of taxa was broadly similar across most tissue types and control samples, with the 

exception of blade tissue samples which had considerably greater proportional abundance of 

Planctomycetacia and Alphaproteobacteria than other sample types (Figure 5.3). 
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5.3.1 Shared ASVs 

 

Across all tissue types (including controls), 51.2% of the 6,521 ASVs were found in the non-

polluted sites, and 79.3% were found in polluted sites. Just 1,986 of the total ASVs (30.5%) 

were shared between non-polluted and polluted sites. Of the total ASVs, 53.3% (3,477) were 

found on biological samples (kelp blade and holdfasts). Of these ASVs, 33.7% were shared 

between polluted and non-pollutes sites, and 66.3% were not shared (Figure 5.4a-b). Within 

blade tissue only, 487 ASVs were found in non-polluted sites and 594 ASVs in polluted sites, 

with just 305 of these being shared (Figure 5.4a). Holdfast tissues contained a much greater 

number of ASVs, with 1,661 ASVs identified at non-polluted sites and 2,397 ASVs at polluted 

sites, with just 948 ASVs being shared (Figure 5.4b). It is important to note that there are twice 

as many polluted sites as non-polluted.  

 

Figure 5.3. Relative abundance of bacterial microbiome classes found on the surface microbiome of Laminaria 
hyperborea blade and holdfast tissues, rock biofilms and seawater controls from two sites within each of three locations. 
Sites and locations can be seen in Figure 5.2. Classes contributing to <1% abundance were merged into a single category. 
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Across both blade and holdfast samples, non-polluted region B consistently had the greatest 

number of unshared ASVs, whilst polluted region C consistently had the lowest (Figure 5.4a-

b). Although several region-specific ASV groups comprised a greater number of taxa, those 

shared among all three regions exhibited markedly higher abundances in both blade and 

holdfast tissues, with the 166 ASVs shared between regions in blade tissues, and the 499 ASVs 

in holdfast tissues (Figure 5.4a-b), accounting for the majority of ASV abundance in our 

samples (Figure 5.4c-d). Interestingly, the ASVs shared only between two regions did not 

account for a proportionate amount of the overall ASV abundance (Figure 5.4). 

 

 

 

 

 

Figure 5.4. Overlap of bacterial ASVs from the surface microbiome of Laminaria hyperborea blade (a) 
and holdfast (b) tissue samples from polluted and non-polluted sites. Total abundance of Venn diagram 
segments for blade samples (c) and holdfast samples (d) standardised by number of regions 
represented in each Venn diagram segment. 

(b) 

(c) (d) 

(a) 
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When comparing taxa shared with the environment, across both levels of pollution, holdfast 

tissue and seawater samples had 645 shared ASVs, with holdfast samples having almost 1.8 

times the number of ASVs than seawater samples (3,110 & 1,767 respectively). Blade tissue 

samples had considerably fewer ASVs than seawater samples with just 776, with only 234 

being shared. Rocky biofilm and holdfast tissue samples had a very similar number of ASVs 

(3,609 & 3,110 respectively) and interestingly a large proportion of these were shared (47%) 

(Table S5.1). Rocky biofilm and blade tissue samples shared 327 ASVs. 

 

5.3.2 Diversity and assemblage structure  

 

Bacterial ASV diversity (both Chao1 and Shannon-Weiner) demonstrated considerable small-

scale variability, with significant differences at the level of tissue x site nested in pollution 

(Table 5.1). There were no significant differences in diversity measures between levels of 

pollution (Table 5.1). Both diversity measures followed the same pattern across all sites and 

tissue types, with non-polluted site B1 consistently having the highest diversity across both 

holdfast tissue and rocky biofilm samples, and polluted site A2 having the highest diversity 

across both blade tissue and seawater samples (Figure 5.5). Non-polluted site B2 had the 

lowest Shannon-Weiner diversity in holdfast tissue and rocky biofilm samples, and Chao1 

diversity was also lowest at site B2 for rocky biofilms, however, the bacterial diversity of 

holdfast tissue at polluted site C1 was slightly lower than it was at site B2 (Figure 5.5). For blade 

tissue and water samples, polluted site C2 consistently had the lowest diversity for both 

measures (Figure 5.5). Across the study, mean Chao1 diversity was 291.74 ± 2.98 SE and mean 

Shannon-Weiner diversity was 4.62 ± 0.09 SE (Figure 5.5). The most obvious pattern observed 

was that blade tissues had significantly lower Chao1 and Shannon-Weiner diversity in 

comparison with other tissue types sampled, whilst holdfasts and rocky biofilm samples had 

the greatest diversity, with the exception of water samples from site A2 (Table 5.1; Figure 5.5). 

 

PERMANOVA detected significant small-scale differences in assemblage structure at the level 

of tissue x site nested in pollution (Table 5.2). Pairwise comparisons showed significant 

differences between all tissue types, as well as between all sites apart from polluted sites C1 
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and C2, which only displayed significant differences among seawater samples. Interestingly, 

while significantly different, holdfast and rock assemblages were more similar to each other 

than they were to water or blade samples. These differences were clearly depicted in the MDS 

plots, which show clustering of individual tissue samples (Figure 5.6a), as well as clustering by 

site in seawater samples (Figure 5.6e), and some clustering by levels of pollution in rock 

samples (Figure 5.6d). SIMPER analysis revealed the observed differences between all sites 

were primarily being driven by similar ASVs, with ASV2: Blastopirellula sp. being the highest 

contributor to the observed dissimilarity across all sites (Table S5.2). While ASV2: 

Blastopirellula sp. was the highest contributor to overall dissimilarity observed between sites, 

its contribution was inconsistent across replicates within respective sites (Table S5.2). ASV2: 

Blastopirellula sp. was also the greatest contributor to the observed dissimilarity between 

blade tissue and all other sample types, being found in considerably greater abundances on 

blade tissue than on the other sampled surfaces (Table S5.3). In contrast to the dissimilarity 

observed between sites, ASV2: Blastopirellula sp. contributed evenly and consistently to the 

differences seen between blade tissues and other sample types (Table S5.3). 
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5.3.3 Core assemblage 

 

The number of core ASVs present in each tissue and control type varied greatly, with blades 

having 8 core ASVs, holdfasts 13, rocky biofilm controls 4 and seawater controls 47 (Figure 5.7). 

All four of the core ASVs identified in the rocky biofilm, ASV21: Illuminobacter nomiensis, 

ASV51: Filomicrobium sp., ASV66: Granulosicoccus sp., ASV69: Arcticiflavibacter sp., were also 

present in the core holdfast microbiome which had an additional 9 ASVs (Figure 5.7). Blade 

tissue samples had ASVs present in considerably greater abundances than holdfast tissues, and 

water controls had the greatest abundance of ASVs across all sample types (Figure 5.7), 

Figure 5.5. Bacterial microbiome alpha diversity metrics (Chao1 (top) and Shannon-Weiner 
(bottom)) sampled from Laminaria hyperborea holdfast and blade tissues, and rock biofilms and 
seawater controls from two sites within each of three locations. Site locations can be seen in Figure 
5.2. 
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however this is to be expected since seawater forms the pool of bacterial for colonisation of 

tissue types to take place from (Dang and Lovell, 2016). 

Table 5.1. Univariate PERMANOVA testing variation in bacterial microbiome alpha diversity indices (Chao1 and 
Shannon-Weiner) between tissue types, different levels of pollution and sites nested within pollution. Results 
indicated with ‘ƚ’ are derived from Monte-Carlo simulations due to the low number of unique permutations. 
Significant results are indicated in bold. 

Table 5.2. Multivariate PERMANOVA testing variation in bacterial microbiome 
assemblage structure between tissue types, level of pollution and sites nested in 
pollution. Results indicated with ‘ƚ’ are derived from Monte-Carlo simulations 
due to the low number of unique permutations. Significant results are indicated 
in bold. 
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Within each tissue type, the same ASVs contributed to the core bacterial assemblages across 

all individuals, sites and pollution levels, however, these were present in different proportions 

between individuals and sites (Figure 5.7). Bacterial ASV diversity was therefore highly variable 

across small spatial scales, with the Chao1 diversity index demonstrating significant differences 

at the level of tissue x site nested in pollution (Table 5.4; Figure 5.8). Pairwise comparisons 

showed the differences driving this significance to lie within seawater samples between sites 

B1 & B2, and A2 & C1.  Comparison of Shannon-Weiner diversity indicated a significant effect 

of tissue x pollution (Table 5.4), with pairwise comparisons showing significant differences 

between all tissue types apart from between blade and holdfast tissues in non-polluted areas, 

as well as showing that differences in holdfast bacterial diversity between polluted and non-

polluted areas approached significance (p(MC)=0.0569). Whilst the bacterial diversity of 

holdfasts and blades were quite dissimilar in the full microbiome, core diversity values were 

much more alike, however, the diversity of holdfasts was still slightly greater than blades 

(Figure 5.8). 

 

PERMANOVA showed core assemblage structure varied significantly at the level of tissue x site 

nested in pollution (Table 5.4; Figure 5.9). Pairwise comparisons highlighted significant 

Figure 5.6. Bacterial microbiome assemblage structure associated with Laminaria hyperborea (a), as well as for blade 
(b), holdfast (c), rock biofilms (d) and seawater controls (e) from two sites within each of three locations. Sites and 
locations can be seen in Figure 5.2. Data based on Bray-Curtis similarity. Each point represents a sample taken from 
an individual kelp, rock biofilm or water sample.   
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differences between all sample types, although rock and holdfasts were more similar to each 

other than the other sample types. There were also significant differences between all sites 

for blade and seawater samples. However, there was no significant difference between 

holdfast samples in non-polluted sites, and no significant difference in holdfast and rocky 

biofilm samples between sites within polluted location C. SIMPER analysis revealed the ASVs 

driving the difference to be similar across tissue types, with ASV2: Blastopirellula sp. being 

present across many of the blade tissue samples and contributing largely to the differences 

between blade and other sample types (Table S5.4). ASV44: Blastopirellula sp. was abundant 

across many holdfast tissue samples, yet of very low abundance in environmental control 

samples, therefore acting as a strong contributor to the observed differences between these 

tissue types (Table S5.4). 
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Figure 5.7. Relative abundance of the bacteria within the core bacterial surface microbiome of Laminaria hyperborea 
blade and holdfast tissues, rock biofilms and seawater controls from two sites within each of three locations. Sites and 
locations can be seen in Figure 5.2. Core bacterial assemblages are defined as taxa present in >95% of samples at a 
relative abundance of >0.1%. Taxonomic classification given as precursor (f_ = Family, o_ = Order) in the legend. Where 
no precursor is given, taxonomic classification is to genus or species level. Where “sp.” is given, taxonomic classification 
is to genus level. Abundance is relative to whole bacterial assemblage. 
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Figure 5.8. Core bacterial microbiome alpha diversity metrics (Chao1 (top) and Shannon-Weiner 

(bottom)) from Laminaria hyperborea holdfast and blade tissues, rock biofilms and seawater controls 
from two sites within each of three locations. Sites and locations can be seen in Figure 5.2. Core 
bacterial assemblages are defined as taxa present in >95% of samples at a relative abundance of >0.1%. 

Figure 5.9. Core bacterial microbiome assemblage structure associated with Laminaria hyperborea (a), as well as for blade 
(b), holdfasts (c), rock biofilms (d) and seawater controls (e) from two sites within each of three locations. Sites and 
locations can be seen in Figure 5.2. Core bacterial assemblages are defined as taxa present in >95% of samples at a relative 
abundance of >0.1%. Each point represents a sample taken from an individual kelp, rock or water sample. 
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Table 5.4. Univariate PERMANOVA testing variation in core bacterial microbiome alpha diversity indices 
(Chao1 and Shannon-Weiner) between tissue types, levels of pollution and sites nested within pollution. 
Results indicated with ‘ƚ’ are derived from Monte-Carlo simulations due to the low number of unique 
permutations. Significant results are indicated in bold. 

Table 5.3. Multivariate PERMANOVA testing variation in core bacterial 
microbiome assemblage structure between tissue type, level of pollution and 
site nested in pollution. Results indicated with ‘ƚ’ are derived from Monte-Carlo 
simulations due to the low number of unique permutations. Significant results 
are indicated in bold. 
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5.4 Discussion 

 

The important role that microbiome assemblages play in influencing the health and 

functioning of kelp is becoming increasingly well understood (reviewed in Singh and Reddy, 

2016) as well as how this can influence the wider ecosystem including kelp resilience to 

anthropogenic stressors (Stratil et al., 2013; Minich et al., 2018; Coclet et al., 2020). In order 

to further our understanding of the dynamics of kelp forest systems and the impacts of 

anthropogenic influences it is important for us to understand the bacterial assemblages within 

their holobiont. Through 16s metabarcoding of kelp tissues the composition and diversity of 

bacterial assemblages associated with L. hyperborea blades and holdfasts, as well as rocky 

biofilms and seawater as environmental controls was investigated. Specifically, I was interested 

in understanding whether historic coal mining waste disposal practices, and the likely elevated 

heavy metal concentrations, influenced bacterial assemblages. Kelp tissues supported distinct 

bacterial assemblages that were different to those found on rocky biofilm and seawater 

controls. Interestingly, while kelp holdfasts and rocky biofilms supported different 

assemblages, they were more similar to each other than they were to blade assemblages. No 

impact of historic pollution was found in our study, with only evidence of spatial variation 

between sites nested within pollution levels. Our results suggest that kelp-associated microbial 

assemblages are selected for across a range of spatial scales, with significant differences 

between tissue types just tens of centimetres apart, and variation between sites located tens 

of kilometres apart. 

 

The results of this study align with previous research that shows structuring of bacterial 

assemblages associated with seaweeds to vary over a range of spatial scales, from microns 

(Ramírez-Puebla et al., 2022) to thousands of kilometres (Bonthond et al., 2020). However, 

even when large scale variation is exhibited, variation over smaller scales can still be more 

dominant, and therefore processes operating at local scales are determined to be the most 

important sources of variation (Bonthond et al., 2020). Similar to previous studies on L. 

hyperborea (Bengtsson et al., 2012) and other kelp species (Weigel and Pfister, 2019), 

between-site variation over distances as low as one kilometre in both the kelp tissues sampled 

was observed. The forces driving the observed level of variation is, however, somewhat 

speculative. Over larger spatial scales, differences in environmental drivers such as seawater 
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temperature can, for example, favour psychrophilic strains over mesophilic strains (Laycock, 

1974). Genotypic differences (Griffiths et al., 2019) and unique lipidomic signatures (Monteiro 

et al., 2020) can also be responsible for shifts in bacterial assemblage structure over larger 

spatial scales. However, these factors are unlikely to be drivers of variation over smaller spatial 

scales such as those investigated here. Across these smaller scales, factors that vary locally 

such as exposure to weather elements (rain, wind and UV) during emersion that can lead to 

cellular stress and potential senescence (Burgunter-Delamare et al., 2023) are more likely to 

be drivers of observed variation. Anthropogenic pollutants in the form of trace metals have 

also been highlighted as stressors that shape prokaryotic assemblages. For example, copper 

and lead contamination in the bay of Toulon have been linked to structural differences of 

bacterial assemblages in seawater samples (Coclet et al., 2020), biofilms (Coclet et al., 2021), 

and the Mediterranean seaweed Taonia atomaria (Paix et al., 2021). Here, however, although 

structuring was observed between sites, the effects of pollution were not found to impact 

bacterial assemblage structure.  

 

The lack of differences observed between polluted and non-polluted sites in both the full and 

core microbiome may be because the introduction of pollutants at the affected sites ceased 

more than 30 years ago. This period may have allowed pollutants to disperse throughout the 

marine environment or settle into sediments over time (Eagle et al., 1979). The concentration 

of heavy metal pollutants in any one area is subject to gradual reduction over time through 

factors such as their solubility and atomic weight (Furness and Rainbow, 2018), water currents 

(Eagle et al., 1979), and bioavailability within the ecosystem (Ansari, Marr and Tariq, 2003). 

That said, the same mines responsible for historic pollution continue to introduce present-day 

contaminants through groundwater pumping. At one study site (C1), this process releases in 

the region of 6 million litres per day of groundwater containing trace metals into the local 

marine habitat (Alderton, 2012). Although these discharges may contribute to local pollutant 

levels, their influx is variable, and therefore their impact on kelp microbiomes may only be 

detectable very close to discharge points. Consequently, bacterial assemblages on kelp at the 

studied sites may be exposed to pollutant concentrations too low to significantly affect 

microbiome structure or diversity. However, despite the lack of statistical differences between 

polluted and non-polluted areas, certain observations were noteworthy. In particular, the 

observed differences in the numbers of non-shared ASVs between polluted and non-polluted 
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sites, in which a greater number of unique ASVs were found in non-polluted sites than in 

polluted sites. Whilst these non-shared ASVs were of very low abundance, the presence of 

some ASVs was of particular interest. For example, dissimilatory reducing iron bacteria such as 

those in the generas Desulfuromusa and Pelobacter were found to be present in holdfast tissue 

samples in polluted sites yet were absent from non-polluted sites. These bacteria are capable 

of utilising iron [Fe(III)] to perform anaerobic respiration (Aromokeye et al., 2021) and are able 

to outcompete sulphate reducing bacteria (that are commonly found on seaweeds) under 

elevated iron concentration conditions (Vandieken et al., 2012) such as in areas of glacial melt 

(Vandieken et al., 2012) and those impacted by mine spoil pollution (Alderton, 2012). The 

presence of these bacteria in polluted sites and their absence in non-polluted sites provides 

evidence to suggest there may be increased Fe levels at the sampled polluted sites. 

Additionally, Site C2, historically the most impacted area with up to 2.5 million tonnes of waste 

deposited annually (Eagle et al., 1979; Cooper et al., 2017), showed the lowest bacterial 

diversity in both blade tissues and seawater controls. Blade samples from this site also 

contained a notably higher proportion of Planctomycetacia, a bacterial class associated with 

bacterial decomposition (Wegner et al., 2013; Parrot et al., 2019). This suggests that 

background pollution levels at site C2 may still be sufficient to induce minor shifts in microbial 

diversity, yet not strong enough to cause substantial structural changes to the microbiome. 

 

While pollution may not have significantly altered the microbiome structure, some specific 

differences in bacterial composition were observed, particularly between different tissues. The 

blades of L. hyperborea are regularly eroded as part of their growth strategy (Kain and Jones, 

1976) and are subject to mechanical stress in the exposed environment they occupy. This, 

therefore, makes them more vulnerable to bacterial decomposition, which creates new 

ecological niches for bacteria to colonise (Bengtsson and Øvreås, 2010). This could, in part, be 

responsible for the high abundance of Planctomycetes (in particular the genus Blastopirellula) 

found on blade tissue in comparison to other tissues that we sampled. Planctomycetes are 

found commonly across seaweeds and biofilms globally (Bengtsson and Øvreås, 2010; Burke 

et al., 2011; Bondoso et al., 2017), and although their role is not fully understood, they do 

contain sulfatase genes which degrade sulphated polysaccharides (Wegner et al., 2013). This 

function makes them able to degrade polysaccharides in the extracellular matrix of biofilms, 

and therefore useful for degrading tissues that are subject to bacterial decomposition (Parrot 
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et al., 2019). Unlike blade tissues, L. hyperborea holdfast tissues do not decompose or erode 

as part of their natural growth strategy and aren’t subject to the mechanical stress that blades 

are. Holdfasts would therefore be less likely to have the high abundances of Planctomycetes 

in their microbiome assemblage as blades do, as our results show. As well as high abundance 

of Planctomycetes, blade tissues were also found to harbour a greater abundance of 

Alphaproteobacteria (in particular the family Hyphomonadaceae) than on holdfast tissues. 

Interestingly, Hyphomonadaceae has been demonstrated to be found in greater abundance in 

metal contaminated seawater (Coclet et al., 2020), and is commonly found associated with 

anthropogenically disturbed biofilm communities (Briand et al., 2017). However, 

Hyphomonadaceae was found across all the study sites, with no differences in its abundance 

between polluted and non-polluted areas. 

 

Variation over small scales has been described previously, for example, King et al. (2022) found 

variability even within individual plants, possibly attributed to sampling areas of newer and 

older growth on kelp blades. Sampling areas of newer growth over older growth, as was done 

here with blades and holdfasts, would capture earlier stages of bacterial succession which 

naturally harbours greater bacterial variation between individuals and lower diversity, since 

less selection and competition has taken place to establish a dominant community (Lee et al., 

2008; Dang and Lovell, 2016). Indeed, studies have shown structuring of bacterial assemblages 

along the blades of a single individual seaweed (Burgunter-Delamare et al., 2023). The likely 

cause of this is down to the unique growth strategy of certain kelp species. For example, 

Laminaria hyperborea blades grow from the meristematic junction between the stipe and 

blades (Kain and Jones, 1976). In this area of growth, tissues are younger and therefore less 

colonised by bacteria, subsequently exhibiting lower bacterial diversity (Staufenberger et al., 

2008; Ihua et al., 2019; Lemay et al., 2021). Moving towards the distal tips of the blades, tissues 

are older and have had greater time to establish a dominant bacterial assemblage with a 

greater species richness and diversity (Weigel and Pfister, 2019; Lemay et al., 2021). As blades 

grow longer, they are also more likely to come into contact with the benthos or other 

individuals, and with water movement manipulating the blades they have greater access to 

bacterial communities from the broader environment, giving them the potential to further 

enhance bacterial diversity. Whilst we only sampled one region of blade tissue, we did sample 

different tissues of different ages within the same individual. With no loss and regrowth of 
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tissues taking place in the perennial holdfasts, L. hyperborea holdfast tissues can be as old as 

the individual (average age 5.3 ± 0.1 years, n=120, Chapter 2), compared to blades that are 

annual structures. This gradient of different aged tissues along a single individual resulted in a 

high degree of structuring in microbial assemblages over very short spatial scales of just 

metres and has been shown to take place in other kelp species such as Laminaria setchellii 

(Lemay et al., 2021). Whilst blade and holdfast associated bacterial assemblages were very 

different from each other, holdfast assemblages were of considerably greater similarity to 

rocky biofilms than to other sample types. Furthermore, holdfasts tissues harboured greater 

bacterial diversity than blades, possibly due to their perennial nature and the extended period 

available for bacteria to colonise. Since holdfast tissues are generally several years old, it is 

likely that a dominant bacterial assemblage has formed on both the holdfast surface and that 

of the surrounding rock. Given their extremely close proximity to each other, it is unsurprising 

that the bacterial assemblages found on holdfasts and those on rocky biofilms are structurally 

similar in comparison to blade tissues. These similarities also carried through to the core 

microbiome assemblage structure, whereby all rocky biofilm ASVs were also present on 

holdfast tissues, which still had greater diversity than blades.  

  

Whilst we do not know the functional roles of most of the sampled kelp microbiome, by 

looking at the core microbiome we can identify taxa that are common and therefore likely to 

be functionally important. Core bacterial assemblages in both blade and holdfast tissues were 

remarkably distinct from one another, sharing no ASVs between them. Each tissues core 

assemblage also showed a high degree of stability among sites, with every site sharing the 

majority of ASVs within each core assemblage. The core assemblage of blade tissues consisted 

of 8 ASVs and had high relative abundance, making up 46.6% of the whole bacterial 

assemblage found on the blade. That said, the ASVs present on the blade only represented 1% 

of the total ASVs found on the average individual, indicating the presence of a large number 

of ASVs that have low abundance. No ASVs present in the core assemblage of blade tissues 

were found in environmental control samples, suggesting a distinct assemblage whose ASVs 

may have functional roles within the bacterial microbiome. Interestingly, the relative 

abundance of the core assemblage associated with blade tissues was much greater than 

previous estimates for L. hyperborea, where the core assemblage consisted of only 5 ASVs and 

made up just 25.4% of the total abundance (King et al., 2022). The 13 ASVs belonging to the 
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core assemblage of holdfast tissues was considerably lower in abundance, making up just 

10.8% of the whole holdfast assemblage relative abundance, and just 0.4% of the total ASVs 

found in an average individual. All the ASVs identified in rocky biofilm controls were present in 

core holdfast assemblages, which had an additional 9 ASVs. Two of these additional ASVs were 

also present in seawater controls, suggesting a distinct core holdfast assemblage of 7 ASVs that 

may be involved in functional processes.  

 

Whilst blade core assemblage relative abundance was greater than found by King et al. (2022), 

there were similarities in the composition of the core in terms of shared taxa. Both 

Blastopirellula sp. (Planctomycetes) and Litorimonas sp. (Alphaproteobacteria) were found in 

high abundances in both studies, with the remainder of the core taxa identified here belonging 

to the common (between studies) classes of Alpha- and Gammaproteobacteria. Indeed, many 

of our core taxa have been found on seaweeds across the world (Bengtsson and Øvreås, 2010; 

Burke et al., 2011; Lemay et al., 2018; Parrot et al., 2019; Phelps et al., 2021), suggesting there 

could be a more general core bacterial assemblage across larger geographic scales, with 

particular bacterial taxa being associated with a diverse range of macroalgal hosts. These 

shared core taxa often have important functional roles. For example, Rhodobactereaceae (1 

core ASV in blade assemblage) are commonly found in macroalgae (Dogs et al., 2017), as well 

as in algal core communities (Bonthond et al., 2020), and along with Granulosicoccus sp. (1 

core ASV in blade assemblage), play a key role in metabolising algal osmolytes such as 

dimethylsulfoniopropionate (Moran et al., 2012; Kang, Lim and Cho, 2018). 

Hyphomonodaceae (3 core ASVs in blade assemblage in our study) have also been associated 

with a wide range of seaweeds and are known to detoxify O2 produced by photosynthetic hosts 

and create a closed carbon cycle whereby exudates from photosynthetic hosts are oxidated to 

form CO2 which is immediately reutilised by the host (Abraham and Rohde, 2014). Whilst algal 

holdfasts have been sampled for microbiome analysis considerably less than blades, the few 

studies available also show similarities in the bacterial taxa present, including Granulosicoccus 

sp. (1 core ASV in holdfast assemblage) (Ihua et al., 2020; Lemay et al., 2021). Once again, 

suggesting the possibility of globally consistent taxa that are responsible for certain functional 

roles. 
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This study examined the bacterial assemblages associated with Laminaria hyperborea, 

surveying across a range of polluted and non-polluted sites and across kelp holdfasts and 

blades. Whilst we expected to find an impact of pollution from historic coal mining waste 

disposal practices on the structure and diversity of the host associated microbiome, this was 

not the case. Although there was significant natural variation between sites, probably driven 

by localised environmental conditions, we found significant structuring of the kelp microbiome 

between tissue types. Functional requirements coupled with tissue age are likely to be 

responsible for the differences observed. Indeed, the high level of shared taxa between here 

and previous studies on macroalgal species globally suggest the possibility of a generalised 

core seaweed microbiome, further research is required to give greater functional insight in 

order to understand the dynamics that underpin microbial assemblages in kelp forests.
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Chapter 6. General discussion 

 

6.1 Overview  

 

This thesis aimed to characterise the structure of kelp forests along the northeast coastline of 

the United Kingdom and explore their functioning in industrialised areas historically impacted 

by coal mining waste disposal. The research focuses specifically on kelp forests dominated by 

Laminaria hyperborea, the large canopy-forming species prevalent along much of the UK’s 

coastline. Chapter 2 addresses a critical knowledge gap by examining the structure of L. 

hyperborea forests and their variation across depth gradients. While this information is well-

documented for many other regions in the UK where kelp forests are abundant, this study is 

the first to focus on this particular geographic area. The findings reveal that kelp forests in this 

region exhibit high variability across spatial scales and depth gradients, consistent with 

observations from other parts of the UK (Smale et al., 2016; Smith et al., 2022). Variation of 

kelp forest structure over short spatial scales is driven by a number of interacting 

environmental variables that vary on a local scale. Wave exposure is a key driver of kelp forest 

structure and was shown in Chapter 2 to vary between sites surveyed here. Increased water 

motion driven by wave exposure enhances rates of photosynthesis and nutrient uptake (Hurd, 

2000), leading to greater growth and productivity rates (Pedersen et al., 2012) and therefore 

larger individuals. Being photosynthetic organisms, light availability also influences kelp forest 

structure, and although bigger differences in annual light budgets are seen over large 

latitudinal gradients, smaller local scale variation in light availability can be driven by 

differences in water clarity. This can have an impact on kelp growth and productivity and limit 

the depth to which kelp forests extend (Tsiamis et al., 2020; Smith et al., 2022). Looking over 

larger spatial gradients, data collected from two regions - northeast England and southeast 

Scotland - indicate the presence of some of the tallest L. hyperborea individuals and highest 

carbon standing stock estimates within the species’ range. These results suggest that these 

areas provide optimal habitat and growth conditions. Other metrics of individual morphology 

and kelp forest structure align with previously documented patterns along large-scale 

gradients of environmental conditions, such as those associated with the UK’s latitude (Smale 

et al., 2016; Smale and Moore, 2017; Smith et al., 2022). Chapter 3 builds on these findings by 

highlighting structural differences in kelp forests occupying shallow subtidal zones compared 
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to those recorded at greater depths in Chapter 2. In the shallow subtidal zone (0-0.3 m below 

chart datum, BCD), kelps were smaller in size but occurred at higher densities than those 

observed at 2 m, 5 m, and 7-10 m BCD.  

 

Building on the characterisation of kelp forest structure in Chapter 2, Chapters 3 through 5 

examine the potential impacts of historic coal mining waste disposal along the Durham and 

Northumberland coastlines. In these locations, mine waste was directly disposed onto shores 

between 1899 and 1993, causing severe negative impacts on coastal habitats and the 

smothering of kelp forest habitats. These chapters explore various aspects of kelp forest 

ecology, ranging from broad-scale habitat structure and productivity (Chapter 3) to the 

macroinvertebrate communities inhabiting kelp holdfasts and stipes (Chapter 4), and finally to 

the bacterial microbiomes that occupy kelp tissue surfaces (Chapter 5). The primary aim was 

to compare these ecological variables between areas directly affected by historic coal mining 

waste disposal that were buried under coal mining spoil for decades, and unaffected areas – 

treating affected sites as proxies for pollution. While the hypothesized effects of historic mine 

waste on kelp forest ecology were generally not observed, the results suggest that subtle, 

lingering impacts may persist in some aspects of the ecosystem. 

 

Although no significant effects of historic pollution were detected across most aspects of kelp 

forest structure or function, consistent patterns were observed in the data from site C2. This 

site, the location of Easington Colliery waste disposal, was among the most heavily affected 

areas in this region, receiving over 2.5 million tonnes of waste per year at the peak of mining 

activity (Eagle et al., 1979; Cooper et al., 2017). At this site, the structure of kelp forests differed 

notably from other sites. Kelp forests had greater densities but were consistently younger, with 

less variation in age and a lower maximum age compared to other sites. Additionally, the stipes 

of kelp at this site lacked epiphytic algae, which typically provides habitat for 

macroinvertebrate fauna; consequently, no macroinvertebrates were found on the stipes of 

kelp from site C2. Similarly, the bacterial microbiome on kelp blade surfaces at this site 

exhibited the lowest diversity (as measured by both Chao1 and Shannon-Weiner indices) and 

showed the highest proportional abundance of Planctomycetaceae, a bacterial class 

associated with decomposition processes (Wegner et al., 2013; Parrot et al., 2019). These 
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consistent observations at site C2 may be attributed to the magnitude and duration of mine 

waste disposal at this site compared to neighbouring affected sites. Here, kelp forests were 

buried under coal spoil and smothered for multiple decades, resulting in prolonged physical 

disturbance and high input of pollutant laden sediments. These conditions likely facilitated the 

long-term accumulation of heavy metals and other contaminants in surrounding sediments 

and within biological tissues. Elevated levels of such pollutants have been associated with 

reduced kelp survivability, contributing to the dominance of younger age classes in affected 

populations (Vásquez et al., 2000) Similarly, the concentration of heavy metals in the surface 

of kelp tissues has been shown to inhibit the settlement of epiphytic algae (Contreras et al., 

2007; Oyarzo-Miranda et al., 2020) and may be responsible for the lack of epiphytic algae seen 

on stipes here and in previous studies in polluted areas (Jara-Yáñez et al., 2021). The 

consistency of these patterns across multiple ecological variables suggests that coal mine 

waste disposal at site C2 may still be having a lasting negative impact, possibly linked to the 

greater volume of waste historically deposited in this area. 

 

6.2 Recovery of kelp forests and persistent impacts of historical mine wastes 

 

Aside from the differences observed at site C2, as well as a pattern of smaller holdfasts in 

polluted areas, very few other differences were found between polluted and non-polluted 

locations. Polluted sites had been buried under colliery spoil for extended periods of time, 

leading to habitat degradation through smothering and considerable alterations to benthic 

habitat conditions. The lack of differences between polluted and non-polluted areas could 

indicate that the effects of mine waste are no longer significantly impacting kelp forests and 

that impacted sites have recovered to a point where they are indistinguishable from 

unaffected sites. However, it is also possible that the non-polluted location, while situated 

away from areas directly affected by coal mining activities, has still experienced some influence 

from mine waste pollution. Historically, mine wastes disposed of into the coastal environment 

contained high concentrations of toxic heavy metals (Eagle et al., 1979), which likely dispersed 

quickly in the marine environment. Given that mining and waste disposal activity occurred to 

the north of the non-polluted site (location B), it is plausible that diffuse pollutants were 

transported southward via the prevailing southerly current (Eagle et al., 1979). Coal mine 

waste material continues to wash ashore today and is frequently observed on beaches near 
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non-polluted sites in location B (Figure 6.1) providing further evidence that waste materials 

and associated pollutants could have reached kelp forests in this area. However, while the 

influx of waste, its impact on turbidity, and the concentration of any potential pollutants at 

location B are not documented, it is reasonable to assume that these factors would have been 

considerably lower compared to the polluted sites that were directly impacted by mining 

waste disposal and that the experimental design used here still offers a gradient to observe 

possible effects along. 

 

The polluted sites sampled in this study were located either directly within, or in very close 

proximity to historical mine waste disposal areas. These sites were therefore buried under vast 

quantities of mine waste, in some cases exceeding 10 m in depth (Cooper et al., 2017). Figure 

1.2, showing the location of sampling at site C1, provides clear evidence of the pressures these 

kelp forests faced for many decades. Although no formal records exist, photographic evidence 

strongly suggests that the nearshore kelp forests surveyed as ‘polluted sites’ in this thesis were 

absent for at least several decades. The recovery of these kelp forests since the cessation of 

mining activities has, therefore, been remarkable. Studies conducted during the years of active 

Figure 6.1. Coal mine waste washed ashore in Northumberland near to 
location B. Locations can be seen in Figure 5.2. 

~10cm 
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mining (e.g. Sheppard et al., 1980) indicate that populations of Laminaria hyperborea were 

not completely absent from the coastline. It is quite likely that patches of kelp forest habitat, 

located in areas not directly impacted by mine waste, persisted and played a crucial role in the 

recovery of kelp forests after mining activities ceased. These surviving populations may have 

released spores that colonised newly uncovered bedrock and boulder habitats previously 

buried under mine waste. However, the broader ecological impacts of mine waste on these 

surviving kelp forests remain poorly understood. Sheppard et al. (1980) reported shifts in the 

macroinvertebrate communities associated with kelp holdfasts, attributed to increased 

turbidity in the surrounding waters, however beyond this, any impacts of mine waste are not 

well known. The potential genetic consequences of reseeding populations from small, 

fragmented source populations have not been studied on this coastline and warrants further 

investigation. Given that L. hyperborea has a relatively short dispersal distance of 

approximately 200 m under normal conditions (Fredriksen et al., 1995), it is likely that 

recolonisation occurred predominantly from these nearby remnant populations in a stepping-

stone pattern (Assis et al., 2018). This could potentially result in low genetic diversity in these 

recently established kelp forests which may make them more susceptible to future stressors 

such as climate change (Schoenrock et al., 2020).  

 

6.3 Limitations of thesis and suggestions for future work 

 

Although this thesis revealed few effects of historic pollution, they underscore the need for 

further research to understand the potential lingering impacts of pollutants at historically 

affected sites. In Chapter 4, significant differences in macroinvertebrate assemblages between 

polluted and non-polluted areas were observed, which were attributed primarily to the 

significantly larger holdfast volumes at non-polluted sites. This raises the possibility that 

pollution, or associated factors such as increased sedimentation from mine waste disposal, 

may inhibit growth or development of kelp holdfasts. Similar effects have been documented 

in Macrocystis pyrifera, where heavy metal pollutants negatively impacted holdfast 

development (Jara-Yáñez et al., 2021). However, other studies indicate that the response to 

heavy metal exposure can be highly species-specific (Leal et al., 2018). Thus, further research 

is needed to improve our understanding on how pollution exposure affects Laminaria 
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hyperborea growth, particularly with respect to holdfast development and its subsequent 

effect on biodiversity. 

 

While historic studies provide quantitative data on the concentrations of heavy metal 

pollutants introduced into marine environments along the Durham and Northumberland 

coastlines, there is a notable lack of information available on current pollution levels or the 

extent of bioaccumulation in local organisms. This thesis included efforts to quantify heavy 

metal concentrations in kelp tissues using inductively coupled plasma optical emission 

spectroscopy and mass spectrometry; however, extreme variability in metal concentrations 

was discovered over short spatial scales of just millimetres on a single individual. Although 

some level of intra-individual variability was anticipated based on previous research (Burger et 

al., 2007), the extent of variation observed here was unexpectedly high and occurred over 

much smaller spatial scales than previously reported. Older kelp tissues, such as the stipe and 

holdfast, are expected to accumulate higher concentrations of heavy metals due to longer 

exposure, while younger, seasonally replaced blades typically contain lower concentrations. 

However, the observed variability far exceeded these expected patterns. More recent studies 

have found variability of potentially toxic elements over nanoscales in brown seaweeds, 

suggesting the ability to sequester pollutants into specialised organelles called physodes 

(Vázquez-Arias et al., 2024). This mechanism, if present in L. hyperborea, could be responsible 

for the large variation observed here over such small spatial scales. Financial, logistical, and 

time constraints limited further investigation, and consequently, these data were not included 

in the thesis. Understanding current levels of heavy metal pollution and their distribution is 

critical for identifying specific drivers of the few pollution effects observed here. Additionally, 

understanding the mechanisms of heavy metal accumulation and their variability in kelp 

tissues would advance our understanding of kelps ability to persist in unfavourable 

environmental conditions. Future work should focus on developing standardised protocols for 

quantifying heavy metals in kelp tissues and investigating the causes and implications of intra-

individual variability. These advancements would greatly enhance the reliability of future 

pollution studies on Laminaria hyperborea and other kelp species. For future studies where 

intra-individual variability is not a focus, homogenisation of whole individuals and subsequent 

subsampling from this material for analysis may be a useful method for quantifying broader 
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levels of metal concentrations stored in kelp tissues, and would remove the element of 

variability over small scales that was measured here. 

 

Smale et al. (2016)Smith et al. (2022)The data presented in Chapters 2 and 3 offer a valuable 

foundation for future monitoring of kelp forest health and recovery from historic pollution 

impacts along the Durham and Northumberland coasts. Simple, low-cost methods such as 

measuring kelp density and morphological traits (e.g. length and biomass) proved effective in 

detecting subtle yet consistent site differences, and are well-suited for long-term monitoring 

at both fine and broad spatial scales. These approaches align with methodologies currently 

used in national initiatives, including the marine Natural Capital and Ecosystem Assessment 

(mNCEA) programme and ground-truthing efforts by the Environment Agency (EA) and Natural 

England (NE), making them ideal for integration into standardised monitoring protocols and 

national datasets. While comparisons between Chapters 2 and 3 revealed differences in kelp 

forest structure, these likely reflect the deeper survey depths in Chapter 2. To fully assess the 

effects of historic pollution, further data collection at consistent depths across sites is essential. 

This would facilitate robust comparisons with national studies (Smale et al., 2016; Smith et al., 

2022) and clarify how local kelp forest dynamics have responded to historic mining pollutants. 

Regular, temporally spaced surveys incorporating both structural and in-situ environmental 

data would enhance detection of long-term ecological changes and improve understanding of 

the drivers behind them. Moreover, increased replication of sites representing polluted and 

non-polluted conditions would significantly strengthen assessments of persistent pollution 

effects 

 

6.4 Conclusions 

 

This thesis provides a baseline for the structure of Laminaria hyperborea kelp forests on the 

United Kingdom’s northeast coastline and provides valuable insights into their structure and 

functioning in historically industrialised regions. The findings highlight the remarkable 

recovery of Laminaria hyperborea forests in areas previously impacted by coal mining waste, 

while also suggesting the potential for lingering subtle effects at heavily affected sites, such as 

C2. Despite the limited observed impacts of historic pollution, the consistent patterns of 
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reduced biodiversity and altered kelp forest structure at site C2 underscore the need for 

further investigation into the long-term ecological consequences of industrial waste exposure. 

Additionally, this work highlights significant gaps in our understanding of pollution dynamics, 

including heavy metal bioaccumulation in kelp tissues and its variability, as well as the potential 

genetic and ecological implications of recolonisation from fragmented populations. Addressing 

these gaps through future research will not only enhance our understanding of kelp forest 

resilience and recovery but also provide critical information for managing these vital 

ecosystems in the face of increasing environmental pressures. 

Importantly, the findings of this thesis demonstrate that even habitats once severely degraded 

by industrial activity are capable of remarkable natural recovery. Several sites that were 

historically barren, buried under coal spoil for decades, and heavily polluted now support 

healthy, functioning kelp forests that are in many ways indistinguishable from those in 

unaffected regions. This resilience offers a hopeful outlook for the restoration of marine 

ecosystems more broadly and underlines the importance of continued conservation, 

monitoring, and support for natural recovery processes. 
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Response Variable SS p R2 
   

Per m2 
Canopy density 8.6848 0.2681 0.0271 
Total density 1.1369 0.0015 0.1938 

Total canopy biomass 0.2403 0.1210 0.0422 

Per canopy-forming individual 

Stipe length 1.9855 0.0001 0.2276 
Total length 1.5707 0.0001 0.5643 
Canopy plant biomass 4.6805 0.0001 0.5280 
Age 0.8142 0.5275 0.0071 

Region Site code Site name Max forest 
depth (m) 

Max plant 
depth (m) 

NE England A2 Northern Hares 13 15 

A3 Crumstone 11 12 

SE Scotland B2 Pettico Wick 7 8 

B3 White Heugh 10 12 

Response Variable SS P R2 
   

Maximum kelp forest depth (m) 15.309 0.0709 0.1367 

Table S2.1. DISTLM testing the relationship between population and individual level 

kelp metrics and wave fetch in kelp forests at a depth of 5 m BCD between two 

regions of the UK (A and B; Figure 2.1). Significant values (p < 0.05) are indicated in 

bold. Mean wave fetch values can be seen in Table 2.1. 

Table S2.2. Maximum depth penetration of kelp forest and individual plants 

surveyed at sloping gradient sites in two regions of the UK (A and B; Figure 

2.1). 

 

Table S2.3. DISTLM testing the relationship between maximum kelp forest 

depth and urchin (Echinus esculentus) density at sloping gradient sites in two 

regions of the UK (A and B; Figure 2.1). 
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Site 

Sampling Month 

October November December February March April May June August 

A1 - 9 - - - - 7 - 4 

A2 - 10 9 8 - 7 7 6 7 

B1 - - - - 8 - - 8 - 

B2 - - - 8 8 - 6 4 9 

C1 9 9 5 - 15 - 19 - 10 

C2 10 - - - - - 10 10 10 

Table S3.1. The number of individuals retrieved during each sampling period. ‘-’ indicates no sampling took 

place for that month due to inaccessibility. 
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Figure S3.1. Relationship between fresh weight and dry weight of distal (a & c) and basal (b & d) segments of kelp blades 

from sites B1 (c & d) and B2 (a & b). Sites and locations can be seen in Figure 3.1. 
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Figure S4.1. Correlation between total holdfast volume and the volume of habitable space n = 90. 

Figure S4.2. Holdfast volume (ml) measured by displacement of water.  
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Taxa Average 
abundance 

Average 
dissimilarity 

Dissimilarity 
/ SD 

Contribution 
to dissimilarity 
(%) 

Cumulative 
contribution to 
dissimilarity (%) 

Average 
dissimilarity = 
73.40% 

A1 C2     

Modiolus 
modiolus 

 0.75 13.98   17.17    4.10    23.40 23.40 

Verruca 
stroemia 

3.58 8.83    8.55    1.95    11.65 35.05 

Nemertea 0.00 5.05    6.26    1.85     8.52 43.57 
Balanus 
crenatus 

1.08 5.15    5.24    1.29     7.14 50.71 

Hiatella 
arctica 

 0.73 3.09    3.08    1.87     4.20 54.91 

       

Average 
dissimilarity = 
68.24% 

A1 C1     

Verruca 
stroemia 

3.58 10.37   12.36    2.30    18.12 18.12 

Anomia 
ephippium 

3.01 4.99    5.85    1.82     8.57 26.69 

Nemertea 0.00 3.46    5.35    1.07     7.84 34.53 
Modiolus 
modiolus 

0.75 3.16    4.81    1.40     7.05 41.59 

Sabellaria 
spinulosa 

2.26 1.38    3.14    1.12     4.60 46.19 

       

 Holdfast Volume 
 df F p 

Pollution 1 20.70 0.0092† 
Site(Pollution) 4 1.69 0.1788 
Res df 24   

Table S4.1. Univariate PERMANOVA testing variation in holdfast volume between sites and levels 

of pollution. Results indicated with ‘ƚ’ are derived from Monte-Carlo simulations due to a low 

number of unique permutations. Significant results are indicated in bold. 

Table S4.2. Top 5 taxa contributing to the observed dissimilarity of kelp holdfast associated 

macroinvertebrate assemblages. Percentage contributions determined by SIMPER analysis carried 

out on significant pairwise comparisons at the site level identified by PERMANOVA analysis.  
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Average 
dissimilarity = 
58.25% 

A2 C2     

Modiolus 
modiolus 

3.30 13.98 10.45    2.97    17.94 17.94 

Verruca 
stroemia 

4.10 8.83 6.64    1.61    11.40 29.34 

Nemertea 0.45 5.05 4.48    1.59     7.69 37.03 
Balanus 
crenatus 

3.69 5.15 2.47    0.94     4.25 41.28 

Sabellaria 
spinulosa 

3.40 1.21 2.29    1.43     3.93 45.20 

       

Average 
dissimilarity = 
59.03% 

A2 C1     

Verruca 
stroemia 

4.10 10.37    8.56    1.66    14.51 14.51 

Nemertea 0.45 3.46    3.82    1.09     6.47 20.98 
Balanus 
crenatus 

3.69 0.75    3.63    1.93     6.14 27.13 

Anomia 
ephippium 

5.52 4.99    3.40    1.48     5.76 32.89 

Sabellaria 
spinulosa 

3.40 1.38    2.62    1.27     4.45 37.34 

       

Average 
dissimilarity = 
54.37% 

C2 C1     

Modiolus 
modiolus 

13.98 3.16   11.11    2.48    20.44 20.44 

Verruca 
stroemia 

8.83 10.37    4.60    1.41     8.46 28.91 

Balanus 
crenatus 

5.15 0.75    4.51    1.34     8.29 37.19 

Nemertea 5.05 3.46    3.91    1.35     7.20 44.39 
Anomia 
ephippium 

4.93 4.99    2.43    1.90     4.47 48.86 

       

Average 
dissimilarity = 
50.70% 

B2 B1     

Anomia 
ephippium 

5.68 8.60    2.21    1.62     4.35  4.35 

Nemertea 0.57 3.46    1.99    1.62     3.92  8.27 
Verruca 
stroemia 

3.86 5.31    1.73    1.60     3.41 11.69 

Pododesmus 
patelliformis 

2.42 0.00    1.54    1.14     3.03 14.72 

Ophiothrix 
fragilis 

2.68 0.60    1.32    1.93     2.60 17.32 
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Taxa Average 
abundance 

Average 
dissimilarity 

Dissimilarity 
/ SD 

Contribution to 
dissimilarity 
(%) 

Cumulative 
contribution to 
dissimilarity (%) 

Average 
dissimilarity = 
85.43% 

A1 A2     

Modiolus 
modiolus 

0.00 2.52 17.81 2.20 20.85 20.85 

Patella 
pellucida 

2.51 1.06 14.71 1.74 17.22 38.07 

Lacuna vincta 2.18 0.35 14.02 1.99 16.41 54.48 
Amphipholis 
squamata 

0.00 0.75 6.04 1.03 7.07 61.55 

Porcellana 
platycheles 

0.00 0.80 5.91 1.44 6.92 68.47 

Average 
dissimilarity = 
51.54% 

A1 C1     

Lacuna vincta 2.18 4.99 15.84 1.58 30.73 30.73 
Patella 
pellucida 

2.51 4.30 10.84 1.03 21.03 51.76 

Corophiidae 0.60 1.86 7.46 1.43 14.47 66.23 
Modiolus 
modiolus 

0.00 0.97 4.91 1.63 9.52 75.75 

Average 
dissimilarity = 
76.23% 

A2 C1     

Lacuna vincta 0.35 4.99 22.71 3.17 29.79 29.79 
Patella 
pellucida 

1.06 4.30 15.97 2.25 20.95 50.74 

Corophiidae 0.40 1.86 7.29 1.85 9.56 60.30 
Modiolus 
modiolus 

2.52 0.97 6.76 1.09 8.87 69.17 

Ampithoe 
rubricata 

0.00 1.06 4.01 0.79 5.26 74.43 

 

 

 

 

 

Table S4.3. Top 5 (or the highest number available) taxa contributing to the observed dissimilarity 

of kelp stipe associated macroinvertebrate assemblage. Percentage contributions determined by 

SIMPER analysis carried out on significant pairwise comparisons at the site level identified by 

PERMANOVA analysis.  



135 
 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Tissue No. of ASVs 

Blade 776 
Holdfast 3110 
Rock 3609 
Water 1767 

Total 6521 

Table S5.1. The number of unique bacterial ASVs identified on the surface of different Laminaria 

hyperborea tissue types and rocks and within the water column.  
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Taxa Average abundance Average dissimilarity Dissimilarity / SD Contribution to 
dissimilarity (%) 

Cumulative contribution 
to dissimilarity (%) 

Average dissimilarity = 85.06% C1 A1     
ASV2: Blastopirellula sp. 0.03 0.04 2.76 0.81 3.25 3.25 
ASV6: Granulosicoccus sp.  0.03 0.03 2.10 0.73 2.47 5.72 
ASV3: Amylibacter ulvae 0.03 0.03 1.99 0.85 2.35 8.06 

Average dissimilarity = 83.04% B1 B2     
ASV2: Blastopirellula sp. 0.04 0.03 2.57 0.75 3.09 3.09 
ASV5: Hyphomonadaceae (F) 0.03 0.01 1.94 0.72 2.34 5.43 
ASV3: Amylibacter ulvae 0.02 0.02 1.68 0.83 2.02 7.46 

Average dissimilarity = 86.05% A1 A2     
ASV2: Blastopirellula sp. 0.04 0.04 2.88 0.81 3.35 3.35 
ASV7: Litorimonas sp. 0.03 0.01 1.60 0.73 1.86 5.21 
ASV5: Hyphomonadaceae (F) 0.03 0.01 1.52 0.60 1.77 6.98 

Average dissimilarity = 81.02% C1 C2     
ASV2: Blastopirellula sp. 0.03 0.06 3.52 0.73 4.35 4.35 
ASV4: Blastopirellula sp. 0.01 0.04 2.32 0.61 2.86 7.21 
ASV3: Amylibacter ulvae 0.03 0.03 2.23 0.86 2.75 9.96 

Average dissimilarity = 84.70% A1 C2     
ASV2: Blastopirellula sp. 0.04 0.06 3.73 0.76 4.40 4.40 
ASV4: Blastopirellula sp. 0.02 0.04 2.40 0.65 2.83 7.24 
ASV3: Amylibacter ulvae 0.03 0.03 2.19 0.85 2.58 9.82 

Average dissimilarity = 83.30% C2 A2     
ASV2: Blastopirellula sp.  0.03 0.04 2.67 0.83 3.21 3.21 
ASV3: Amylibacter ulvae  0.03 0.01 1.59 0.80 1.91 5.12 
ASV6: Granulosicoccus sp.   0.03 0.01 1.55 0.60 1.86 6.97 

Average dissimilarity = 83.30% C1 A2     
ASV2: Blastopirellula sp. 0.03 0.04 2.67 0.83 3.21 3.21 
ASV3: Amylibacter ulvae 0.03 0.01 1.59 0.80 1.91 5.12 
ASV6: Granulosicoccus sp.  0.03 0.01 1.55 0.60 1.86 6.97 

Table S5.2. SIMPER analysis for sites based on significant pairwise comparisons identified by PERMANOVA analysis. Taxa presented are top 3 

contributors to observed dissimilarity between sites within the whole bacterial microbiome. Sites can be seen in Figure 5.2. 
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Taxa Average abundance Average 
dissimilarity 

Dissimilarity / SD Contribution to 
dissimilarity (%) 

Cumulative contribution 
to dissimilarity (%) 

Average dissimilarity = 93.24% Blade Holdfast     
ASV2: Blastopirellula sp. 0.14 0.01 7.10 2.04 7.62 7.62 
ASV5: Hyphomonadaceae (F) 0.07 0.00 3.35 1.32 3.59 11.21 
ASV6: Granulosicoccus sp. 0.07 0.00 3.31 1.41 3.55 14.77 

Average dissimilarity = 97.21% Blade Rock     
ASV2: Blastopirellula sp. 0.14 0.00 7.31 2.09 7.52 7.52 
ASV5: Hyphomonadaceae (F) 0.07 0.00 3.42 1.36 3.51 11.03 
ASV6: Granulosicoccus sp. 0.07 0.00 3.40 1.45 3.50 14.53 

Average dissimilarity = 98.56% Blade Water     
ASV2: Blastopirellula sp. 0.14 0.00 7.42 2.13 7.52 7.52 
ASV3: Amylibacter ulvae 0.00 0.09 4.48 3.03 4.55 12.07 
ASV6: Granulosicoccus sp.  0.07 0.00 3.43 1.46 3.48 15.55 

Average dissimilarity = 75.41% Holdfast Rock     
ASV44: Blastopirellula sp 0.02 0.00 0.99 1.16 1.31 1.31 
ASV21: Illuminobacter nomiensis 0.01 0.02 0.89 1.29 1.18 2.49 
ASV81:  Perspicuibacter sp.  0.01 0.00 0.67 0.24 0.89 3.38 

Average dissimilarity = 91.61% Holdfast Water     
ASV3: Amylibacter ulvae 0.00 0.09 4.30 2.87 4.70 4.70 
ASV9:  SAR86_clade (O) 0.00 0.04 2.22 1.95 2.43 7.12 
ASV11:  SAR11_clade_Ia 0.00 0.04 1.90 2.99 2.07 9.19 

Average dissimilarity = 93.05% Rock Water     
ASV3: Amylibacter ulvae 0.00 0.09 4.47 3.02 4.80 4.80 
ASV9:  SAR86_clade (O) 0.00 0.04 2.22 1.95 2.39 7.20 
ASV11:  SAR11_clade_Ia 0.00 0.04 1.90 2.99 2.04 9.23 

Table S5.3. SIMPER analysis for sample type based on significant pairwise comparisons identified by PERMANOVA analysis. Taxa presented are top 3 

contributors to observed dissimilarity between tissue types within the whole microbiome samples. Sites can be seen in Figure 5.2. 
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Taxa Average abundance Average dissimilarity Dissimilarity 
/ SD 

Contribution to 
dissimilarity (%) 

Cumulative 
contribution to 
dissimilarity (%) 

Average dissimilarity = 98.86% Blade Holdfast     
ASV2: Blastopirellula sp. 0.28 0.00 13.89 2.27 14.05 14.05 
ASV44: Blastopirellula sp. 0.00 0.16 8.21 1.55 8.31 22.36 
ASV5: Hyphomonadaceae (F) 0.13 0.00 6.60 1.61 6.68 29.04 

Average dissimilarity = 100.00% Blade Rock     
ASV21: Illuminobacter nomiensis 0.00 0.43 21.65 2.18 21.65 21.65 
ASV2: Blastopirellula sp. 0.28 0.00 13.89 2.27 13.89 35.54 
ASV51:  Filomicrobium sp. 0.00 0.22 11.12 2.17 11.12 46.66 

Average dissimilarity = 100.00% Blade Water     
ASV2: Blastopirellula sp. 0.28 0.00 13.89 2.27 13.89 13.89 
ASV3: Amylibacter ulvae 0.00 0.14 6.79 7.42 6.79 20.68 
ASV5:  Hyphomonadaceae (F) 0.13 0.00 6.60 1.61 6.60 27.29 

Average dissimilarity = 69.57% Holdfast Rock     
ASV21: Illuminobacter nomiensis 0.11 0.43 16.67 1.73 23.95 23.95 
ASV44: Blastopirellula sp. 0.16 0.00 8.21 1.55 11.81 35.76 
ASV66: Granulosicoccus sp. 0.07 0.20 7.76 0.93 11.15 46.91 

Average dissimilarity = 95.68% Holdfast Water     
ASV44: Blastopirellula sp. 0.16 0.00 8.21 1.55 8.59 8.59 
ASV3: Amylibacter ulvae 0.00 0.14 6.79 7.42 7.10 15.68 
ASV21: Illuminobacter nomiensis 0.11 0.01 4.98 1.54 5.20 20.89 

Average dissimilarity = 99.00% Rock Water     
ASV21: Illuminobacter nomiensis 0.43 0.01 21.14 2.13 21.36 21.36 
ASV51: Filomicrobium sp. 0.22 0.00 11.12 2.17 11.24 32.60 
ASV66: Granulosicoccus sp. 0.20 0.00 9.77 1.04 9.87 42.46 

Table S5.4. SIMPER analysis for sample type on significant pairwise comparisons identified by PERMANOVA analysis. Taxa presented are top 3 

contributors to observed dissimilarity between tissue types in the core bacterial microbiome. Core bacterial microbiome is defined as the ASVs present 

in 95% of samples at a relative abundance of >0.1%. 
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Taxa Average abundance Average dissimilarity Dissimilarity / SD Contribution to 
dissimilarity (%) 

Cumulative contribution 
to dissimilarity (%) 

Average dissimilarity = 31.47% B1 B2     
ASV21: Illuminobacter nomiensis 0.06 0.14 4.72 0.60 15.01 15.01 
ASV66: Granulosicoccus sp. 0.13 0.06 4.33 0.63 13.76 28.76 
ASV28: Rhodobacteracea (F) 0.00 0.06 2.77 0.30 8.79 37.55 

Average dissimilarity = 34.74% C1 A1     
ASV66: Granulosicoccus sp. 0.03 0.11 5.15 0.61 14.82 14.82 
ASV21: Illuminobacter nomiensis 0.17 0.08 5.12 0.67 14.73 29.55 
ASV25: Gammaproteobacteria (C) 0.08 0.08 2.26 0.56 6.50 36.04 

Average dissimilarity = 33.28% A1 A2     
ASV21: Illuminobacter nomiensis 0.08 0.20 6.23 0.75 18.72 18.72 
ASV66: Granulosicoccus sp. 0.11 0.02 5.00 0.57 15.03 33.75 
ASV2: Blastopirellula sp. 0.06 0.11 2.68 0.50 8.06 41.81 

Average dissimilarity = 24.96% C1 C2     
ASV21: Illuminobacter nomiensis 0.17 0.18 2.34 0.73  9.39 9.39 
ASV2: Blastopirellula sp. 0.06 0.09 1.71 0.40  6.83 16.22 
ASV6: Granulosicoccus sp.  0.05 0.02 1.44 0.43  5.75 21.97 

Average dissimilarity = 32.82% A1 C2     
ASV21: Illuminobacter nomiensis 0.08 0.18 5.14 0.66 15.66 15.66 
ASV66: Granulosicoccus sp. 0.11 0.04 4.98 0.62 15.17 30.82 
ASV51: Filomicrobium sp. 0.08 0.06 2.14 0.53 6.53 37.35 

Average dissimilarity = 25.92% C2 A2     
ASV21: Illuminobacter nomiensis 0.18 0.20 2.66 0.74 10.25 10.25 
ASV2: Blastopirellula sp. 0.09 0.11 1.80 0.47 6.95 17.20 
ASV13:  Blastopirellula sp 0.04 0.01 1.64 0.53 6.35 23.55 

Average dissimilarity = 28.29% C1 A2     
ASV21: Illuminobacter nomiensis 0.17 0.20 2.65 0.67 9.38  9.38 
ASV2: Blastopirellula sp. 0.06 0.11 2.63 0.49 9.28 18.66 
ASV51: Filomicrobium sp. 0.08 0.06 2.10 0.57 7.43 26.09 

Table S5.5. SIMPER analysis for site on significant pairwise comparisons identified by PERMANOVA analysis. Taxa presented are top 3 contributors to 

observed dissimilarity between tissue types in the core bacterial microbiome. Core bacterial microbiome is defined as the ASVs present in 95% of 

samples at a relative abundance of >0.1%. 

 


